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Text of SB637

The people of the State of California do enact as follows:
SECTION 1. Section 13172.5 is added to the Water Code, to read:
13172.5. (a) On or before July 1, 2017, the state board shall establish by regulation a
permitting process for suction dredge mining and related mining activities in rivers and
streams in the state. The regulations shall be consistent with the requirements of this
division and, at a minimum, address cumulative and water quality impacts of each of
the following:
(1) Mercury loading to downstream reaches of rivers and streams affected by suction
dredge mining.
(2) Methylmercury formation in water bodies.
(3) Bioaccumulation of mercury in aquatic organisms.
(b) A person who violates a regulation adopted pursuant to this section shall be
liable in the amount of ____ ($____).
(c) Nothing in subdivision (a) shall prohibit the state board from adopting regulations
that prohibit suction dredge mining if the state board finds that prohibition is necessary
to regulate waste discharges that violate or impair water quality objectives or other
criteria under this division, to the extent consistent with federal law. In making this
determination, the state board may consider, but is not limited to, soil types, fueling
and refueling activities, and horsepower limitations.
(d) This section does not affect any other law, including the California Environmental
Quality Act (Division 13 (commencing with Section 21000) of the Public Resources
Code) and the Department of Fish and Wildlife’s streambed alteration requirements
described in Chapter 6 (commencing with Section 1600) of the Fish and Game Code.

Comments on Text of SB637:
(Note: I am not a lawyer.)

The first sentence of (a) conflicts with the concept of equal application of the law by singling
out mining activities, while ignoring other uses of the same techniques which have equal or
greater impact.
The second sentence of (a) states that “The regulations shall be consistent with the
requirements of this division…”, however no actual requirements are articulated anywhere
within the text. The list of impacts to address states no goals or criteria of any sort.
Impact (1) fails to identify what is meant by loading, nor why it is a concern — a dredge
removes mercury and thus reduces total loading. Seasonal highwater events frequently
transport the entire sediment bed (including the mercury and gold) a long distance
downstream, while sediment processed through a suction dredge has the vast majority of the
heavy materials selectively removed, and the remaining material is redeposited in the same
area from which it was extracted, minus most of the mercury.
Impact (2) is a naturally occurring process which takes place faster in warm, stagnant, and
anoxic conditions, commonly found in reservoirs and the delta where nonmining dredging
activities are common, but occur rarely in most areas where suction dredge mining is
prevalent.
Impact (3) is a much greater concern in areas where mercury enters the foodchain in vapor
form than liquid. Consider that nearly 30% of air pollution impacting the San Francisco Bay
Area originates from coalpowered (mercury, lead, and radioisotope laden) industries in China
and travels here on the winds in less than a week. In aquatic environments, if elements such
as selenium are present in sufficient quantities, they can chemically bind with mercury to
reduce its bioavailability and apparent toxicity to organisms.
The undefined statutory fine under (b) fails to consider the nature, severity, or impact of a
purported violation of yet undefined regulations.
The classification of fallback of dredged material under (c) as waste discharge has already
been litigated and found invalid. Prohibition is against federal law, which contradicts the
clause internally. Many criteria given are unrelated to the activity of dredging itself, and are
already covered under existing law. Clause allows specifically for unlimited construction
regarding criteria which may be used as a basis for prohibition, regardless of relevance or
impact.
Clause (d) provides additional evidence of failure of the equal application of the law.

Further Comments Regarding the Transport, Methylation, and
Bioaccumulation of Mercury:
● A properly operating dredge is usually more than 90% efficient at removing elemental
mercury (in fact, state and federal studies show actual efficiency near 98%) , and will
generally recover at least 99% after 2 passes; furthermore, given even huge
quantities:
Removing 90% of the original quantity leaves 10%
Removing 90% of the remaining 10% leaves 1%
Removing 90% of the remaining 1% leaves 0.1%
Removing 90% of the remaining 0.1% leaves 0.01%
Removing 90% of the remaining 0.01% leaves 0.001%
Removing 90% of the remaining 0.001% leaves 0.0001%
Thus, after 6 passes through a dredge between a concentrated point source in a
stream or river and a downstream reservoir, up to 99.9999% of original mercury is
reclaimed, leaving only one ounce for every 1,000,000 ounces of elemental mercury
contained in sediments processed, and recovering 999,999 ounces. Consider that
each seasonal high water event move significantly more material than all the dredgers
on a river could move in an entire season; the entire quantity of mercury thus
mobilized moves downstream unimpeded, unlike when material is processed through
a dredge and the mercury captured.
● Methylmercury is rapidly broken down by exposure to UV light, which can only
penetrate to shallow depths in water; a sluice box and the area of dispersion in the
water a short distance beyond its end provide just such an environment;
methylmercury formation preferentially takes place in deep, compacted, anoxic
sediments, which dredging breaks up and oxygenates.
● Since dredging necessarily results in a reduction of total elemental mercury through
direct removal, and reduction of methylmercury through photochemical degradation
and inhibiting formation, the net effect of consistent dredging on the bioaccumulation
of mercury is a potentially significant overall reduction, especially where such
operations are undertaken upstream of lakes, reservoirs, deltas, floodplains, or coastal
shallows.
See US Supreme Court case: LOS ANGELES COUNTY FLOOD CONTROL DISTRICT v
NATURAL RESOURCES DEFENSE COUNCIL, INC. — “Pot of Soup” analogy by Justice
Ruth Bader Ginsburg.

Related Links:
● 20002001 EPA Region 9: Innovative Programs — First “mercury milk run” collected
over 230lbs of mercury
http://www.epa.gov/region9/innovations/merrec.html
● Video: 
Gold Dredging removes mercury from waterways
— Small scale miners receive
Quicksilver Award in Washington State for removing over 160lbs of mercury in 5 years
https://www.youtube.com/watch?v=Wke15rWFnFg
● January 2003 Idaho Department of Environmental Quality 
Water Quality Summary
Report 34 — A Recreational Suction Dredge Mining Water Quality Study on South
Fork Clearwater River
http://www.deq.idaho.gov/media/837524wqsummary34suctiondredgemining.pdf
● Letter to CA Governor Arnold Schwarzenegger
opposing earlier SB670 by research
biologist Joseph Greene
http://www.oregongold.net/lettertocagovernorarnoldschwarzenegger/
● Benefits of Suction Gold Dredging in the State of Oregon
http://www.oregongold.net/benefitsofsuctiongolddredginginthestateoforegon/
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The Challenge:
Looking for gold in California streams and rivers is a recreational activity for thousands of state
residents. Many gold enthusiasts simply pan gravels and sediments. More serious recreational
miners may have small sluice boxes or suction dredges to recover gold bearing sediments. As
these miners remove sediments, sands, and gravel from streams and former mine sites to
separate out the gold, they are also removing mercury.
This mercury is the remnant of millions of pounds of pure mercury that was added to sluice
boxes used by historic mining operations between 1850 and 1890. Mercury is a toxic, persistent,
and bioaccumulative pollutant that affects the nervous system and has long been known to be
toxic to humans, fish, and wildlife. Mercury in streams can bioaccumulate in fish and make them
unfit for human consumption.
The Solution:
Taking mercury out of streams benefits the environment. Efforts to collect mercury from
recreational gold miners in the past however, have been stymied due to perceived regulatory
barriers. Disposal of mercury is normally subject to all regulations applicable to hazardous
waste.
In 2000, EPA and California's Division of Toxic Substance Control worked in concert with other
State and local agencies to find the regulatory flexibility needed to collect mercury in a simple
and effective manner. These groups agreed to test two different mechanisms for collecting
mercury during the summer of 2000. One approach was to add mercury to the list of materials
that are collected at regularly scheduled or periodic household hazardous waste collection
events sponsored by local county agencies.
Another mercury collection approach was to set up collection stations in areas where mercury is
being found by recreational miners. One possibility would be to advertise a fixed location where
people could bring mercury on a specific date and time. Another was to create a mercury "milk
run" where state, local, or federal agency staff would come to locations specified by individuals
or organizations such as suction dredging clubs, and pick up mercury that had been collected.
The Results:
In August and September, 2000 the first mercury "milk runs" collected 230 pounds of mercury.
Not only was mercury received from recreational gold miners, but others such as retired
dentists, also participated by turning in mercury that was in their possession. A Nevada County
household waste collection event held in September 2000 collected about 10 pounds of mercury.
The total amount of mercury collected was equivalent to the mercury load in 47 years worth of
wastewater discharge from the city of Sacramento's sewage treatment plant or the mercury in a
million mercury thermometers. This successful pilot program demonstrates how recreational
gold miners and government agencies can work together to protect the environment. In the
summer of 2001, State agencies planned to extend the program to six counties and include
collection of mercury at summer mining fairs.
Contact:
For further information, please contact David Jones at (415) 7442266, jones.davidb@epa.gov
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This is a version of the report prepared for public release.

SYNOPSIS
This office received allegations of scientific misconduct and conflict of interest associated with
U.S. Geological Survey (USGS) Open File Report 2010-1325A, titled “The Effects of Sediment
and Mercury Mobilization in the South Yuba River and Humbug Creek Confluence Area,
Nevada County, California: Concentrations, Speciation, and Environmental Fate—Part 1: Field
Characterization.”
Our investigation did not disclose any evidence of scientific misconduct or conflict of interest by
the scientist in the USGS study.
This investigation is closed with no further action by this office. The allegations have been
reviewed by this office, including consultations with the USGS ethics officer and the USGS
scientific integrity officer, and determined to be unsubstantiated.
DETAILS OF INVESTIGATION
The U.S. Department of the Interior, Office of Inspector General, received allegations that a
USGS research chemist deliberately omitted data while conducting a study and concluding that
suction dredge mining could contribute to the increase of methylmercury levels in biota in
California waterways. According to the complaint, the research chemist withheld available
scientific data from his study, which the complainant alleged would have resulted in a different
scientific conclusion. The complainant obtained this additional data via USGS Freedom of
Information Act (FOIA) Request 2013-00085.
The complaint also alleged that the research chemist’s membership in and support of the Sierra
Fund’s (TSF) activities presented a conflict of interest and created the appearance that the
research chemist used his professional capacity to support a private organization. TSF is a
nonprofit organization whose mission is to protect and restore the natural resources and
communities of the Sierra Nevada region; one of TSF’s primary goals is to stop suction
dredging. According to documents in the complaint, the research chemist spoke at several
conferences hosted by TSF and was a private donor to the organization.
Coordination with the USGS deputy ethics officer and deputy ethics counselor revealed that the
research chemist’s membership in TSF was authorized and complemented USGS interests.
Private donations to such organizations by USGS employees are not regulated because they do
not create a conflict of interest; an ethical question would only arise if an employee were
receiving compensation from the organization. The deputy ethics officer’s review of the research
chemist’s file showed that he is in compliance with ethical rules and responsibilities and there
were no other complaints against him.
According to the USGS scientific integrity officer (SIO), the research chemist’s work on Open
File Report 2010-1325A (South Yuba River Study) presented no scientific integrity issues. The
SIO explained that there is a growing trend for people to file scientific integrity complaints in an
effort to change legislative decisions they do not like; the object is to undermine the scientific
This is a version of the report prepared for public release.
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basis for the decision in an effort to have the decision reversed or overturned by the courts. The
SIO and the deputy ethics officer discussed the research chemist’s activities during his tenure at
USGS and concluded that the research chemist’s record is “above the board” regarding ethics
issues.
An interview of the complainant revealed two primary concerns: whether the research chemist
purposefully omitted data from the study and whether his association with TSF biased his
scientific work product. The complainant questioned the research chemist’s choice to analyze
only 1 year of mercury data when many years’ worth of mercury data was available. An
associate of the complainant consolidated the mercury data received via the USGS FOIA request
and the data from the research chemist’s study into one graph. According to the complainant, the
graph portrays the variation and natural fluctuation in mercury levels in the South Yuba River
watershed, which would have led to a different scientific conclusion had the research chemist
incorporated the data into his analysis. In addition, the complainant believes the research
chemist’s association with TSF is inappropriate; the research chemist’s attendance at TSF
functions created the appearance of a conflict of interest.
The research chemist confirmed that USGS Open File Reports are fully peer reviewed, just like
any USGS report would be. Each report is reviewed for quality control purposes by two
colleagues, a supervisor, a water specialist, and a data specialist; projects are also reviewed at the
proposal level before the study begins. The Bureau of Land Management (BLM) and the
California Water Board (CWB) funded the South Yuba River Study to determine mercury
characterization and speciation, to characterize mercury levels in biota, and to evaluate the
viability of suction dredging as a means to remove mercury from the watershed. In the study, the
research chemist conducted a dry run with a 3-inch-diameter suction dredge in a low-mercurylevel area, and he found little mercury (as expected). He planned to run another test in 2008 with
a larger diameter dredge at a hotspot (a location known to have high levels of mercury), but
CWB objected because of concern the test would cause more damage to the environment.
According to the research chemist, CWB did not want dredging to be the solution to the mercury
problem; instead, CWB wanted to ban suction dredging, which it did in 2008.
The research chemist emphasized that USGS is strictly a science agency with no regulatory
function. USGS is concerned only with collecting and providing data while other agencies decide
policy. Because the research chemist was precluded from determining whether dredging
mobilizes mercury through direct testing (i.e., testing with the large diameter dredge), the second
part of the study instead focused on characterizing the sedimentation process in the laboratory.
The team also conducted some biological monitoring of mercury levels found in invertebrates
within the study sites. The research chemist claimed he did not expect to find conclusive results
in the 1 or 2-day invertebrate testing because the methylmercury integration process takes weeks
to months, but the team collected what little data it could anyway. Additionally, lab simulations
of mercury mobilization using the collected sediment samples were designed to show how
mercury would transform (i.e., become methylated and/or reactive) if it was transported and
deposited downstream as it would as a result of suction dredging.
The research chemist received the FOIA response containing biological mercury data; BLM paid
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for a biological mercury study from 1999 to 2004 with samples taken from over 220 sites. He
stated that he did not hide the additional data, but simply did not incorporate it into the South
Yuba River Study because the older samples originated from different locations under unknown
conditions. He did not know whether the additional data would have changed the conclusions of
the report. He admitted to speculating that dredging may impact mercury levels in biota based on
the results of his study; however, he also emphasized in the conclusion section of the South Yuba
River Study that more study is required to verify the relationship between suction dredging and
mercury level increases in biota. He believed the state may have selectively used the data from
the South Yuba River Study for its Environmental Impact Report (EIR), but claimed he cannot
control how his report is used by other entities (this EIR contributed to the legislative ban on
suction dredge mining in California waters).
The research chemist confirmed that he sits on an advisory board for TSF, as do members of
many other Federal and State agencies. He described TSF as a non-profit advocacy group in
Nevada City, CA, which has completed several projects in the Sierra Nevada region related to
mining and the environment. He classified his relationship with TSF as purely professional, and
stated he keeps his distance because the chief executive officer of TSF has become a “target” due
to her strong anti-mining stance. The research chemist donated his time to TSF by reviewing
reports to ensure TSF was citing USGS reports accurately. He also attended TSF meetings, with
many other agencies in attendance, to discuss environmental issues associated with mining. He
claimed that TSF is trying to change laws and raise money for anti-mining lobbying, but that
USGS is not involved in regulation or advocacy and has no bias regarding mining.
SUBJECT
Research chemist, USGS.
DISPOSITION
This investigation is closed with no further action by this office. The allegations have been
reviewed by this office, including consultations with the USGS ethics officer and the USGS SIO,
and determined to be unsubstantiated.
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“Here is a compilation of some published findings concerning the
effects of suction dredging upon water quality…”
State Water Resources Control Board
Division of Water Quality
P.O. Box 100 Sacramento, California 958120100
Fax: 9163415620 email: commentletters@waterboards.ca.gov
GEOGRAPHICAL SCALE OF SMALLSCALE SUCTION DREDGING
It has been observed that environmentalists opposing suction dredging use data gleaned from reports that studied
effects of environmental perturbations that are occurring on a systemwide basis. For example, they would characterize
the affects of turbidity from a suction dredge as if it would impact downstream organisms in a manner that systemwide
high water flow events might. This approach is entirely inconsistent with the way in which suction dredges operate or
generally impact their downstream environment.
The California Department of Fish and Game (1997) described typical dredging activities as follows’ “An individual
suction dredge operation affects a relatively small portion of a stream or river. A recreational suction dredger
(representing 90percent of all dredgers) may spend a total of four to eight hours per day in the water dredging an area
of 1 to 10 square meters. The average number of hours is 5.6 hours per day. The remaining time is spent working on
equipment and processing dredged material. The area or length of river or streambed worked by a single suction
dredger, as compared to total river length, is relatively small compared to the total available area.”
In the Oregon Siskiyou National Forest Dredge Study, Chapter 4, Environmental Consequences, some perspective is
given to smallscale mining. “The average claim size is 20 acres. The total acreage of all analyzed claims related to the
total acres of watershed is about 0.2 percent. The average stream width reflected in the analysis is about 20 feet or
less and the average mining claim is 1320 feet in length. The percentage of land area within riparian zones on the
Siskiyou National Forest occupied by mining claims is estimated to be only 0.1 percent.” The report goes on to say,
“Over the past 10 years, approximately 200 suction dredge operators per season operate on the Siskiyou National
Forest” (SNF, 2001).
A report from the U.S. Forest Service, Siskiyou National Forest (Cooley, 1995) answered the frequently asked question,
“How much material is moved by annual mining suction dredge activities and how much does this figure compare with
the natural movement of such materials by surface erosion and mass movement?” The answer was that suction
dredges moved a total of 2,413 cubic yards for the season. Cooley (1995) used the most conservative values and
estimated that the Siskiyou National Forest would move 331,000 cubic yards of material each year from natural causes.
Compared to the 2413 (instream) cubic yards relocated by suction mining operations the movement rate by suction
dredge mining would equal about 0.7% of natural rates.
It has been suggested that a single operating suction dredge may not pose a problem but the operation of multiple
dredges would produce a cumulative effect that could cause harm to aquatic organisms. However, “No additive effects
were detected on the Yuba River from 40 active dredges on a 6.8 mile (11 km) stretch. The area most impacted was
from the dredge to about 98 feet (30 meters) downstream, for most turbidity and settelable solids (Harvey, B.C., K.
McCleneghan, J.D. Linn, and C.L. Langley, 1982). In another study, “Six small dredges (<6 inch dredge nozzle) on a
1.2 mile (2 km) stretch had no additive effect (Harvey, B.C., 1986). Water quality was typically temporally and spatially
data:text/html;charset=utf8,%3Cdiv%20style%3D%22margin%3A%200px%3B%20padding%3A%200px%3B%20border%3A%200px%3B%20outline%3A%20…
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restricted to the time and immediate vicinity of the dredge (North, P.A., 1993).
A report on the water quality cumulative effects of placer mining on the Chugach National Forest, Alaska found that,
“The results from water quality sampling do not indicate any strong cumulative effects from multiple placer mining
operations within the sampled drainages.” “Several suction dredges probably operated simultaneously on the same
drainage, but did not affect water quality as evidenced by above and below water sample results. In the recreational
mining area of Resurrection Creek, five and six dredges would be operating and not produce any water quality changes
(Huber and Blanchet, 1992).
The California Department of Fish and Game stated in its Draft Environmental Impact Report that “Department
regulations do not currently limit dredger densities but the activity itself is somewhat selfregulating. Suction dredge
operators must space themselves apart from each other to avoid working in the turbidity plume of the next operator
working upstream. Suction Dredging requires relatively clear water to successfully harvest gold ” (CDFG, 1997).
ELEVATED TURBIDITY
Suction dredging causes less than significant effects to water quality. The impacts include increased turbidity
levels caused by resuspended streambed sediment and pollution caused by spilling of gas and oil used to operate
suction dredges (CDFG, 1997).
“Suction dredges, powered by internal combustion engines of various sizes, operate while floating on the surface of
streams and rivers. As such, oil and gas may leak or spill onto the water’s surface. There have not been any
observed or reported cases of harm to plant or wildlife as a result of oil or gas spills associated with suction
dredging” (CDFG, 1997).
The impact of turbidities on water quality caused by suction dredging can vary considerably depending on many
factors. Factors which appear to influence the degree and impact of turbidity include the amount and type of fines (fine
sediment) in the substrate, the size and number of suction dredges relative to stream flow and reach of stream, and
background turbidities (CDFG, 1997).
Because of low ambient levels of turbidity on Butte Creek and the North Fork American River, California, Harvey (1986)
easily observed increases of 4 to 5 NTU from suction dredging. Turbidity plumes created by suction dredging in Big
East Fork Creek were visible in Canyon Creek 403 feet (123 meters) downstream from the dredges (Somer and
Hassler, 1992).
In contrast, Thomas (1985), using a dredge with a 2.5inch diameter nozzle on Gold Creek, Montana, found that
suspended sediment levels returned to ambient levels 100 feet below the dredge. Gold Creek is a relatively
undisturbed third order stream with flows of 14 cubic feet per second. A turbidity tail from a 5inch (12.7 cm) dredge on
Clear Creek, California was observable for only 200 feet downstream. Water velocity at the site was about 1 foot per
second (Lewis, 1962).
Turbidity below a 2.5 inch suction dredge in two Idaho streams was nearly undetectable even though fine sediment,
less than 0.5 mm in diameter, made up 13 to 18 percent, by weight, of substrate in the two streams (Griffith and
Andrews, 1981).
“During a dredging test carried out by the California Department of Fish and Game on the north fork of American River,
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it was concluded that turbidity was greatest immediately downstream, returning to ambient levels within 100 feet.
Referring to 52 dredges studied, Harvey (1982) stated “…generally rapid recovery to control levels in both turbidity and
settable solids occurred below dredging activity.”
Hassler (1986) noted “…during dredging, suspended sediment and turbidity were high immediately below the dredge,
but diminished rapidly within distance downstream.” He measured 20.5 NTU 4 meters below a 5inch dredge that
dropped off to 3.4 NTU 49 meters below the dredge. Turbidity from a 4inch dredge dropped from 5.6 NTU 4 meters
below to 2.9 NTU 49 meters below with 0.9 NTU above. He further noted “…water quality was impacted only during the
actual operation of the dredge…since a full day of mining by most Canyon Creek operators included only 2 to 4 hours
of dredge running time, water quality was impacted for a short time.” Also “…the water quality of Canyon Creek was
very good and only affected by suction dredging near the dredge when it was operated.”
The US Geological Survey and the Alaska Department of Natural Resources conducted a survey into dredging on
Alaska’s Fortymile River, which is a river designated as a wild and scenic corridor. The study stated, “One dredge had a
10inch diameter intake hose and was working relatively fine sediment on a smooth but fast section of the river. The
other dredge had an 8inch intake and was working coarser sediments in a shallower reach of the river. State
regulations require that suction dredges may not increase the turbidity of the river by more than 5 nephelometric
turbidity units (NTU), 500 feet (=150m) downstream. In both cases, the dredges were well within compliance with this
regulation.”

http://www.akmining.com/mine/usgs1.htm
Samples were collected on a grid extending downstream from the dredges as they were operating and compared to
measurements made upstream of the dredges. One dredge had a 10inch diameter intake hose and was working
relatively fine sediments on a smooth but fast section of the river. The results of the turbidity survey for the 10inch
dredge are shown on figure 2. Turbidity values behind the 8inch dredge were lower, because the smaller intake was
moving less sediment material, and because the coarser sediments being worked by the 8inch dredge settled more
rapidly.
The turbidity values found in the dredge studies fall within the range of turbidity values found for currently mined areas
of the Fortymile River and many of its unmined tributaries. Figure 3 shows the ranges of turbidity values observed
along the horizontal axis, and the number of samples that fall within each of those ranges. For example, 25 samples
had turbidity between 1.0 and 1.5 NTU, 22 of which were in a dredged area. The highest turbidity value was from an
unmined tributary to Uhler Creek; the lowest from a number of different tributaries to the North Fork. As seen on the
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figure, there is no appreciable difference in the distribution of turbidity values between mined and unmined areas.

http://www.akmining.com/mine/usgs1.htm
In American studies, average turbidity levels have been shown to be between 5 and 15 NTU 5 meters below dredges.
But even the maximum turbidity level measured in a clay pocket (51 NTU) fell below 10 NTU within 45 meters. Turbidity
increases, from even large dredges on moderate sized streams, have shown to be fairly low, usually 25 NTU or less,
and to return to background within 30 meters. The impact is localized and short lived; indicating minimum impact on
moderate and larger waterways.
Within any waterway, sediment is primarily carried in suspension during periods of rainfall and high flow. This is an
important point, as it indicates that a dredging operation has less, or at least no greater effect on sediment mobilization
and mobility than a rain storm.”
All of these research studies have concluded that only a local significant effect occurs, with it decreasing rapidly
downstream. The studies have been wide spread, having been undertaken in Alaska, Idaho, California, Montana and
Oregon.
The science supports de minimus status for < 6inch suction dredges. Turbidity is de minimus according to the U.S.
Army Corps of Engineers.
“Effects from elevated levels of turbidity and suspended sediment normally associated with suction dredging as
regulated in the past in California appear to be less than significant with regard to impacts to fish and other
river resources because of the level of turbidity created and the short distance downstream of a suction dredge where
turbidity levels return to normal” (CDFG, 1997).
Furthermore, individuals that have not, in fact, operated suction dredges may not realize that it is a selflimiting
operation. The dredge operator must be able to see his work area to operate safely and manage the intake of the
dredge nozzle. If high levels of turbidity were to flood the dredger’s work area and render him “blind” he would
have to move the operation to another location.
INCREASING WATER TEMPERATURE
Responsible suction dredge miners do not dredge stream banks (it is illegal). Dredging occurs only in the wetted
perimeter of the stream. Therefore, it is unlikely suction dredging will cause a loss of cover adjacent to the stream.
Solar radiation is the single most important energy source for the heating of streams during daytime conditions. The
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loss or removal of riparian vegetation can increase solar radiation input to a stream increasing stream
temperature. Suction dredge operations are confined to the existing stream channel and do not affect riparian
vegetation or stream shade (SNF, 2001).
Suction dredging could alter pool dimensions through excavation, deposition of tailings, or by triggering adjustments in
channel morphology. Excavating pools could substantially increase their depth and increase cool groundwater inflow.
This could reduce pool temperature. If pools were excavated to a depth greater than three feet, salmonid pool habitat
could be improved. In addition, if excavated pools reduce pool temperatures, they could provide important
coldwater habitats for salmonids living in streams with elevated temperatures (SNF, 2001).
Dredge mining had little, if any, impact on water temperature (Hassler, T.J., W.L. Somer and G.R. Stern, 1986). In
addition, the Oregon Siskiyou Dredge Study states, “There is no evidence that suction dredging affects stream
temperature” (SNF, 2001).
Increases in sediment loading to a stream can result in the stream aggrading causing the width of the stream to
increase. This width increase can increase the surface area of the water resulting in higher solar radiation absorption
and increased stream temperatures. Suction dredge operations are again confined to the existing stream
channel and do not affect stream width (SNF, 2001).
Stream temperature can also increase from increasing the stream’s width to depth ratio. The suction dredge operation
creates piles in the stream channel as the miner digs down into the streambed. The stream flow may split and flow
around the pile decreasing or increasing the wetted surface for a few feet. However, within the stream reach that the
miner is working in, the change is so minor that the overall wetted surface area can be assumed to be the same so the
total solar radiation absorption remains unchanged. Suction Dredging results in no measurable increase in stream
temperature (SNF, 2001).
“Small streams with low flows may be significantly affected by suction dredging, particularly when dredged by larger
dredges (Larger than 6 inches) (Stern, 1988). However, the California Department of Fish and Game concluded,
“current regulations restrict the maximum nozzle size to 6 inches on most rivers and streams which, in conjunction with
riparian habitat protective measures, results in a less than significant impact to channel morphology” (CDFG,
1997).
WATER CHEMISTRY
Concern has been raised that smallscale dredge operations may increase the metal load of the surface waters.
Whereas dredge operations do resuspend the bottom sediment, the magnitude of this disturbance on stream metal
loading was unknown. It was unknown what affect the dredge operations may have on the transport and redistribution
of metalssome of which (for example, arsenic, copper, and zinc) have environmental importance.
The U.S. Geological Survey and the Alaska Department of Natural Resources cooperated in a project, on Fortymile
River, to provide scientific data to address these questions. This river is designated a Wild and Scenic Corridor by the
Alaska National Interest Lands Conservation Act. Current users of the river include placer mine operators, as well as
boaters and rafters. Along the North Fork Fortymile River, and just below its confluence with the South Fork, mining is
limited to a few small suction dredges which, combined, produce as much as a few hundred ounces of gold per year. In
this area, some potential environmental concerns have been raised associated with the mining activities, including
increased turbidity of the river water; adverse impact on the overall chemical quality of the river water; and potential
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additions of specific toxic elements, such as arsenic, to the river during mining operations.
Field measurements were made for pH, turbidity, electrical conductivity (a measure of the total dissolved
concentrations of mineral salts), and stream discharge for the Fortymile River and many of its tributaries. Samples were
collected at the same time for chemical analyses, including tracemetal analyses
Waterquality samples were collected at three points 200 feet behind each of the two operating suction dredges. One
sample was collected on either side of the plume, and one in the center of the plume. The samples were passed
through a filter with a nominal pore size of 0.45 micrometers and acidified to a pH less than about 2. Results are shown
in the following table. Samples 1A, 1C, 2A, and 2C are from either side of the plume behind dredges 1 and 2,
respectively. Samples 1B and 2B are from the center of each plume. All concentrations given are in micrograms per
liter, except pH, which is expressed in standard units.
The data show similar waterquality values for samples collected within and on either side of the dredge plumes.
Further, the values shown in the table are roughly equal to or lower than the regional average concentrations for each
dissolved metal, based on the analyses of 25 samples collected throughout the area. Therefore, suction dredging
appears to have no measurable effect on the chemistry of the Fortymile River within this study area. We have
observed greater variations in the natural stream chemistry in the region than in the dredge areas (Wanty, R.B., B.
Wang, and J. Vohden. 1997).

A final report from an EPA contract for analysis of the effects on mining in the Fortymile River, Alaska stated, “This
report describes the results of our research during 1997 and 1998 into the effects of commercial suction dredging on
the water quality, habitat, and biota of the Fortymile River…. The focus of our work on the Fortymile in 1997 was on an
8inch suction dredge (Site 1), located on the mainstem… At Site 1, dredge operation had no discernable effect on
alkalinity, hardness, or specific conductance of water in the Fortymile. Of the factors we measured, the primary effects
of suction dredging on water chemistry of the Fortymile River were increased turbidity, total filterable solids, and copper
and zinc concentrations downstream of the dredge. These variables returned to upstream levels within 80160 m
downstream of the dredge. The results from this sampling revealed a relatively intense, but localized, decline in water
data:text/html;charset=utf8,%3Cdiv%20style%3D%22margin%3A%200px%3B%20padding%3A%200px%3B%20border%3A%200px%3B%20outline%3A%20…

6/9

4/13/2015

» Compilation of Published Findings on the Effects of Suction Dredging upon Water Quality

clarity during the time the dredge was operating” (Prussian, A.M., T.V. Royer and G.W. Minshall, 1999).
“The data collected for this study help establish regional background geochemical values for the waters in the Fortymile
River system. As seen in the chemical and turbidity data any variations in water quality due to the suction
dredging activity fall within the natural variations in water quality” (Prussian, A.M., T.V. Royer and G.W. Minshall,
1999).
REMOVAL OF MERCURY FROM THE ENVIRONMENT
Looking for gold in California streams and rivers is a recreational activity for thousands of state residents. As these
miners remove sediments, sands, and gravel from streams and former mine sites to separate out the gold, they are
also removing mercury. This mercury is the remnant of millions of pounds of pure mercury that was added to sluice
boxes used by historic mining operations between 1850 and 1890. Modern day smallscale gold suction dredgers do
not use mercury to recover gold during the operation of the dredge. Therefore, any gold that would be found in their
possession would be that which was extracted from the stream or river they are working.
Taking mercury out of streams benefits the environment. Efforts to collect mercury from recreational gold miners in the
past, however, have been stymied due to perceived regulatory barriers. Disposal of mercury is normally subject to all
regulations applicable to hazardous waste.
In 2000, EPA and California’s Division of Toxic Substance Control worked in concert with other State and local agencies
to find the regulatory flexibility needed to collect mercury in a simple and effective manner. In August and September,
2000 the first mercury “milk runs” collected 230 pounds of mercury. A Nevada County household waste collection event
held in September 2000 collected about 10 pounds of mercury. The total amount of mercury collected was equivalent
to the mercury load in 47 years worth of wastewater discharge from the city of Sacramento’s sewage treatment plant or
the mercury in a million mercury thermometers. This successful pilot program demonstrates how recreational gold
miners and government agencies can work together to protect the environment (US EPA, 2001).
Mercury occurs in several different geochemical forms, including elemental mercury, ionic (or oxidized) mercury, and a
suite of organic forms, the most important of which is methylmercury. Methylmercury is the form most readily
incorporated into biological tissues and is most toxic to humans. The process of mercury removal by suction dredging
does not contaminate the environment because smallscale suction dredging removes elemental mercury. Removal of
elemental mercury before it can be converted, by bacteria, to methylmercury is a very important component of
environmental and human health protection provided as a secondary benefit of suction dredging.
THE REAL ISSUE
The issue of localized conflict with suction dredgers and other outdoor recreational activities can be put into a more
reasonable perspective using the data provided at the beginning of this report. For example, the total acreage of all
analyzed claims related to the total acres of watershed is about 0.2 percent. The percentage of land area within
riparian zones on the Siskiyou National Forest occupied by mining claims is estimated to be only 0.1 percent.” The
report goes on to say, “Over the past 10 years, approximately 200 suction dredge operators per season operate on the
Siskiyou National Forest (SNF, 2001).
The issue against suction dredge operations in the streams of the United States appears to be less an issue of
environmental protection and more of an issue of certain organized individuals and groups being unwilling to share the
outdoors with others without like interests.
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Management of the Fortymile River region (a beautiful, wild and scenic river in the remote part of eastcentral Alaska)
and its resources is complex due to the many diverse landuse options. Smallscale, familyowned gold mining has
been active on the Fortymile since the “gold rush” days of the late 1880’s. However, in 1980, the Fortymile River and
many of its tributaries received Wild and Scenic River status. Because of this status, mining along the river must
compete with recreational usage such as rafting, canoeing, and fishing.
A press release from the U. S. Geological Survey stated, in part, the following, “The water quality of the Fortymile River
a beautiful, …has not been adversely impacted by gold placer mining operations according to an integrated study
underway by the U.S. Geological Survey and the Alaska Department of Natural Resources.
Violation of mining discharge regulations would close down the smallscale mining operations. No data existed before
this study to establish if the mining was degrading the water quality. However, even with the absence of data,
environmental groups were active to close down mining on the river citing unsubstantiated possible
discharge violations.
This study has found no violations to date to substantiate closure of the smallscale mining operations. The result is a
continuance of a way of life on the last American frontier.” (U.S. Geological Survey October 27, 1998). I have no doubt
that this is the real issue currently facing smallscale gold suction dredgers in California.
Suction dredges do not add pollution to the aquatic environment. They merely re suspend and relocate the bottom
materials (overburden) within the river or stream.
I hope this scientific research information I have provided will be helpful in your efforts regarding suction dredge mining
and water quality. I thank you for this opportunity to submit this data.
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Introduction
Recreational suction dredge mining operations
were evaluated for potential impacts to water
quality on South Fork Clearwater River during
2001. The Idaho Department of Environmental
Quality (DEQ) monitored the short term water
quality impacts of three suction dredges located
east of Grangeville in Idaho County, Idaho, see
Figures 1 and 2. Suction dredges operate by
excavating streambed sediments down to
bedrock, sorting the sediments to remove
particles of gold, and re-depositing the streambed
sediments back onto the surface substrate. On
South Fork Clearwater River, recreational
dredging is permitted to operate from July 1
through August 15 in order leave salmonid
spawning beds undisturbed during spawning season.

Figure 1. Recreational Dredge Mining Locations.

The Idaho Department of Water Resources (IDWR) regulates recreational dredge mining by
issuing annually-renewable permits. An IDWR permit is issued for small suction dredges
with a nozzle 5 inches in diameter or less and with equipment rated at a maximum of 15
horsepower. Where operators have not been held responsible for water quality monitoring,
local land management agencies such as the United States Forest Service or Bureau of Land
Management frequently perform this function to determine if dredging or any similar activity
has the potential to cause a significant disturbance to surface water quality. In order to
provide additional information regarding the impacts of recreational dredge mining
operations, DEQ implemented this study.

Figure 2. Sites on South Fork Clearwater River East of Grangeville.
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Previous assessments include the suction dredge monitoring program performed by the Nez
Perce National Forest from 1995 through 1999 in the South Fork Clearwater subbasin1.
Analysis of the Nez Perce National Forest data has very limited use as the number of
sampling events did not produce statistically viable data for demonstrating trends in water
quality or long term effects. Furthermore, data and analysis should not be considered
applicable to dredging operations which exceed the size and volume of operations evaluated
by this study. Within these considerations, the Nez Perce National Forest study found that:
•
•

within the short term, turbidity during suction dredge operations to process a very limited
volume of material did not exceed state water quality standards; and
surface fine sediment did not show habitat impairment in riffles and runs.

Objectives
The DEQ Lewiston Regional Office and the Nez Perce National Forest developed a
cooperative study plan for the 2001 recreational dredge mining season to evaluate the short
term impacts to water quality from recreational suction dredging. The following objectives
were set:
•
•

•
•

Identify a mixing zone for sediment plumes from suction dredge activity;
Determine if turbidity violates Idaho's turbidity standard for cold water aquatic life use
determination2 by:
− Sampling above and below ongoing suction dredge operations to determine average
turbidity, and
− Sampling directly below the dredge to measure maximum turbidity;
Collect macroinvertebrates above and below suction dredge activity to determine its
impact to cold water aquatic life3; and
Collect surface fine sediment data above and below suction dredge activity.

1

DeRito, J. 2000. Draft Summary Report of the Suction Dredge Monitoring Program: 1995-1999, Nez Perce
National Forest. 9 pp.

2

IDAPA 58.01.02 - Water Quality Standards and Wastewater Treatment Requirements
250. SURFACE WATER QUALITY CRITERIA FOR AQUATIC LIFE USE DESIGNATIONS.
02.
Cold Water. Waters designated for cold water aquatic life are not to vary from the following
characteristics due to human activities:
(3-15-02)
e.
Turbidity, below any applicable mixing zone set by the Department, shall not exceed background turbidity
by more than fifty (50) NTU instantaneously or more than twenty-five (25) NTU for more than ten (10) consecutive
days.
(8-24-94)

3

IDAPA 58.01.02 - Water Quality Standards and Wastewater Treatment Requirements
100. SURFACE WATER USE DESIGNATIONS.
Waterbodies are designated in Idaho to protect water quality for existing or designated uses. The designated use of a waterbody
does not imply any rights to access or ability to conduct any activity related to the use designation, nor does it imply that an
activity is safe. For example, a designation of primary or secondary contact recreation may occur in areas where it is unsafe to
enter the water due to water flows, depth or other hazardous conditions. Another example is that aquatic life uses may be
designated in areas that are closed to fishing or access is not allowed by property owners. Wherever attainable, the designated
beneficial uses for which the surface waters of the state are to be protected include:
(3-15-02)
01.
Aquatic Life.
(7-1-93)
a.
Cold water (COLD): water quality appropriate for the protection and maintenance of a viable aquatic life
community for cold water species.
(4-5-00)
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Methods
Site Descriptions

Figure 3 Upper Site

The recreational suction dredge mining operations occurring on South
Fork Clearwater River selected to be studied include:
-an upper site just below the confluence of the American and Red Rivers;
Figure 4 Middle Site

-a middle site about 200 yards above the confluence with South Fork
Clearwater River of the conjoined Whiskey Creek and Maurice Creek; and
-a lower site about 1/4 mile above the confluence of Johns Creek with
South Fork Clearwater River.
Field notes provide information about the recreational dredge mining study
effort. Table 1 supplies the notes recorded during collection of turbidity,
macroinvertebrate, and surface sediment samples4.

Location

Phase of
Operation

Upper Site
45 48 28 N
-115 28 31 W
Below American and Red Rivers
7-26-2001
− Established and working
bedrock
− Currently 4 - 5 feet down to
bedrock
−

Dredge
Specifications

Plume
Field
Parameters

−
−
−
−
−
−
−
−

8hp Precision 4 inch dredge
running at 1/4 to 1/2 speed
Discharge rate of 600
gallons/minute
End of sluice is in the water,
not above
Sluice 20" wide
Plume is pulse-like, very
dark, then nothing
Visible plume < 150 meters
Conductivity = 41.8
Temperature = 9.8ΕC
22 m wetted width
(9-27-2001)

−
−
−
−
−
−
−

−
−
−
−
−
−

Middle Site
45 49 31 N
-115 30 11 W
Above Whiskey/Maurice Creeks
7-27-2001
Mining along the left bank looking
upstream
Dredging in a slow run/glide
Dredging fairly shallow holes,
operator does not have an air system
5hp homemade dredge
3-inch suction nozzle
Sluice is 18-inches wide
Discharge rate is 5 gallons/2 seconds

Plume dissipates at 40 meters
Very pulse-like, not a steady plume
Length of visible plume = 70 meters
Conductivity in the plume is 41.7;
outside the plume is 41.7
Temperature 19.0ΕC
11m wetted width
(7-27-2001)

Figure 5.Lower Site

−
−
−
−
−
−

Lower Site
45 49 39 N
-115 52 45 W
Above Johns Creek
8-10-2001
Working approximately 3
weeks
Hole 4 feet deep, not to
bedrock
Moved up river 20-30 feet
Dredge width 35"
Discharge 2000
gallons/minute
Distance to water surface
= 5"

Sporadic plume visible 125
meters downstream
−
−
−

Conductivity = 40.7
Temperature = 18.4ΕC
26 m wetted width
(8-10-2001)

Table 1. Field notes recorded during DEQ study of recreational dredge mining on South Fork Clearwater River.
4

Stewart, D.D. 2002. Personal communications and notes. Idaho Department of Environmental Quality.
Grangeville Satellite Office.
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Mixing Zone Identification
The DEQ is responsible to set the applicable mixing zone for any turbidity measurements
(IDAPA 58.01.02.250.02.e) to determine compliance with state water quality standards. For
this project, the mixing zone was identified by visual estimations during dredge operation by
DEQ and Nez Perce Forest Service staff. Downstream of the high-velocity, turbulent
effluent from each of the suction dredges, there is a zone where the effluent reaches ambient
stream velocity and the sediment plume begins to widen and mix with streamwater. This
zone was identified visually as the mixing zone. At each site, the mixing zones were defined
as follows:
•
•
•

Upper Site--41 meters;
Middle Site--40 meters; and
Lower Site--110 meters

Turbidity
In order to demonstrate compliance with the instantaneous turbidity standard (50
Nephelometric turbidity units (NTU) above background), average and maximum turbidity
were measured by collection of water samples. For average turbidity, depth-integrated water
samples were collected above and below ongoing suction dredging. A cross section of the
stream with relatively uniform, steady flow was selected. Samples were collected with a
handheld DH-48 suspended sediment sampler. Sample bottles were stored in a cool, dark
place until analysis by a Hach Model 2100A turbidimeter. For maximum turbidity, the
samples were collected directly within the mixing zones of the sediment plumes created by
the operation of suction dredges. Sample bottles were handled and analyzed in the same
manner as the average turbidity samples.
In order to demonstrate compliance with the ten consecutive day turbidity standard (25
NTU), the sampling results were modeled using Cormix. Cormix is a mathematical model
used to predict dissipation of the sediment plume after initial sediment emission into the
river.
Macroinvertebrates
Macroinvertebrates were collected and identified for this study in accordance with the DEQ
Beneficial Use Reconnaissance Program (BURP) protocol (DEQ 1999)5. South Fork
Clearwater River is assessed as a wadeable stream because the macroinvertebrates were
collected in accordance with wadeable stream protocols. Samples were collected
immediately upstream and downstream of the suction dredging activity while operations
were occurring. After suction dredging ceased for the year, the macroinvertebrate collections
were duplicated at the same locations above and below the disturbance.
5

DEQ. 1999. Beneficial Use Reconnaissance Project Workplan for Wadeable Streams. Prepared by the
Beneficial Use Reconnaissance Project Technical Advisory Committee for the Idaho Division of Environmental
Quality: Boise, ID. 100 pp.
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Surface Fine Sediments
The substrate composition was determined using a pebble count as described by BURP
protocol (DEQ 1999)6. Selected cross-sections were located upstream, immediately
downstream, and well downstream of suction dredging activity. Cross-sections were chosen
with similar discharge and gradient in low velocity glides or shallow pools. The crosssections were marked with flagging and the wetted width was recorded to allow repeatable
sampling. A minimum of 100 particles for each transect were sampled, measured, and
recorded in the appropriate sediment size classes.

Results
Turbidity
None of the samples violated the water quality standards for turbidity by exceeding
background turbidity by more than 50 NTU instantaneously or more than 25 NTU for more
than ten consecutive days.
Instantaneous standard
The locations of turbidity samples and the results are presented below:
Upstream Site
Turbidity Samples

Results (NTU)

Background taken above dredge
Run/pool 0.3 meter below dredge
Run/pool 1 meter below
Run 21 meters below
Riffle 41 meters below
Riffle 61 meters below
Top of pool 81 meters below
Pool tailout 101 meters below
101 meters below, cross sectional composite

1.1
38
32
7.3
4.5
4.0
2.9
1.9
1.8

6

DEQ. 1999. Beneficial Use Reconnaissance Project Workplan for Wadeable Streams. Prepared by the
Beneficial Use Reconnaissance Project Technical Advisory Committee for the Idaho Division of Environmental
Quality: Boise, ID. 100 pp.
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Middle Site
Results (NTU)
Estimated at less than 2.0
21
39
8.5
2.5
1.2 (cross sectional composite)

Turbidity Samples
Background (lost sample)
0.3 meter below dredge (run)
1 meter below dredge (run)
10 meters below dredge (run)
20 meters below dredge (run)
40 meters below dredge (run)

Downstream Site
Results (NTU)
0.428
5.42
4.47
2.39
0.617
0.792
0.786
0.321
0.279

Turbidity Samples
Background
0.3 meter below dredge (run/riffle)
1 meter (run/riffle)
20 meters (run/riffle)
40 meters (riffle)
60 meters (riffle)
100 meters (riffle)
115 meters (riffle)
115 meters (cross sectional composite)

These results show that the instantaneous turbidity standard of 50 NTU was not violated
within the sediment plumes of the suction dredges. See Figure 6 for the most opaque example
of a sediment plume visually observed during the study.

Figure 6. Sediment Plume from Suction Dredging.
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Ten consecutive day turbidity standard
In order to demonstrate compliance with the ten consecutive day turbidity standard of 25
NTU, the results of the turbidity sampling were entered into the Cormix mixing zone model
to predict the size and extent of the sediment plumes. The model was established using a
100% mixing zone with no restriction on dilution. This is because the effluent from a suction
dredge is not controllable by any means, so 100% of the streamflow is allowable for dilution
of the effluent. The results of the modeling are given below:
Upstream Site
•
•
•
•

Initial concentration equals 37 NTU above background.
Concentration reaches 25 NTU at 2.28 meters downstream with a width of 1.08 meters
and a thickness of 0.17 meters.
Concentration reaches 10 NTU at about 14 meters downstream and slowly decreases
from there.
Concentration is still at 5 NTU after 500 meters.
Middle Site

•
•
•
•

Initial concentration equals 39 NTU above background.
Concentration reaches 25 NTU at 1.46 meters downstream with a width of 0.84 meters
and a thickness of 0.09 meters.
Concentration reaches 5 NTU at 12 meters.
Concentration reaches 1 NTU at 500 meters.
Lower Site

•
•

Initial concentration equals 5 NTU above background.
Concentration reaches 1 NTU at 173 meters downstream.

These results show that the standard for "more than 25 NTU for more than ten consecutive
days" is never exceeded for one day, according to modeling results. The 25 NTU is reached
at a maximum of 2.28 meters downstream of the source of perturbation. It is highly unlikely
for the 10-consecutive-day turbidity to exceed 25 NTU.
Macroinvertebrates
The macroinvertebrate communities do not indicate measurable short term impacts due to
dredging operations at the upper site and lower site between July 15 and August 15, 2001.
One of the samples from the middle site was lost in transit, so the middle site is not included
in this analysis.
The macroinvertebrate samples were identified by certified taxonomists at EcoAnalysts, Inc.
Staff from EcoAnalysts compiled a report, specifically assessing sediment impacts to the
macroinvertebrate communities. The report is duplicated verbatim in Appendix A. The
7
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conclusion from this evaluation is that the perturbation of substrates by suction dredging did
not affect the macroinvertebrate communities in this study.
The samples were identified to family level and to species level if possible by certified
taxonomists at EcoAnalysts, Inc. The laboratory assessed macroinvertebrate populations
using the Stream Macroinvertebrate Index (SMI) described in the DEQ waterbody
assessment guidance (Grafe et al. 2002)7. The SMI results are reported in Table 2. The
results of the SMI are used to evaluate support of coldwater aquatic life. Although South
Fork Clearwater River is a river according to guidance (Grafe et al. 2002), the stream metrics
are applied because the sample collection and analysis procedures followed wadeable stream
protocols.
Stream Macroinvertebrate Metric Scores

Scoring Parameters
Total taxa
Ephemeroptera taxa
Plecoptera taxa
Trichoptera taxa
% Plecoptera
HBI
% 5 dominant
Scraper taxa
Clinger taxa

Upper Site
7-26-01 7-27-01
15m
100 m
above
below
dredge
dredge

Upper Site
9-27-01 9-27-01
33 m
100 m
above
below
dredge
dredge
*

8-10-01
10 feet
above
dredge

Lower Site
8-10-01
40 m
below
dredge

8-10-01
115 m
below
dredge

9-26-01
10 feet
above
dredge

Lower Site
9-26-01
40 m
below
dredge

9-26-01
100 m
below
dredge

Lab ID-1

Lab ID-2

Lab ID-9

Lab ID-10

Lab ID-3

Lab ID-4

Lab ID-5

Lab ID-6

Lab ID-7

Lab ID-8

59
8
9
9
8.96
4.61
48.92
10
28

62
11
10
10
10.2
4.30
48.84
8
31

52
8
3
3
0.53
5.42
56.14
9
16

53
10
9
9
4.04
4.22
58.08
10
25

48
6
4
11
1.64
4.65
60.03
8
22

44
8
1
9
0.34
4.47
53.45
7
21

51
8
4
7
2.12
4.49
49.47
6
20

46
8
4
7
2.05
4.21
61.30
6
22

53
8
6
7
2.09
4.02
37.57
9
27

51
8
9
6
3.24
4.00
40.96
7
27

*Transect originally 15 meters above dredge was moved 18 meters further upstream due to presence of active Chinook redds.

Table 2. Macroinvertebrate metrics

The SMI is scored according to the metric scoring formulas given in Table 3 for the northern
mountains region and rated according to the rating categories shown in Table 4.
Metric
Total taxa
Ephemeroptera taxa
Plecoptera taxa
Trichoptera taxa
% Plecoptera
HBI
% 5 dominant
Scraper taxa
Clinger taxa

Metric Scoring Formula
100*"Total taxa"/95th
100*"Ephemeroptera taxa"/95th
100*"Plecoptera taxa"/95th
100*"Trichoptera taxa"/95th
100*"%Plecoptera"/95th
100*"(10-"HBI")/(10-5th)
100*"(100-"%5 dominant")/(100-5th)
100*"Scraper taxa"/95th
100*"Clinger taxa"/95th

5th or 95th percentiles as per
formula—Northern Mountains
39
13
10
10
40
1.6
52
8
23

Table 3. Metric scoring formulas for Stream Macroinvertebrate Index.
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Northern Mountains
84-100

Very Good (midpoint between 25th percentile and maximum
index score to maximum score)
Good (25th percentile to midpoint between 25th percentile and
maximum score)
Fair (upper trisect of minimum score to 25th percentile)
Poor (middle trisect of minimum score to 25th percentile)
Very Poor (lower trisect of minimum score to 25th percentile)

65-83
44-64
22-43
0-21

Table 4. Rating categories based on 25th percentiles of least impacted Stream Macroinvertebrate Index scores.

When the scoring formulas in Table 3 and the ratings in Table 4 are applied to the data in
Table 2, the assessment of integrity and health of macroinvertebrate populations is rated.
Table 5 provides the calculations and ratings. In the DEQ rating and scoring system, 100 is
the maximum rating, so any numbers exceeding that score are reset to 100.
Stream Macroinvertebrate Index Overall Rating
Upper Site
Upper Site
Lower Site
7-26-01 7-27-01 9-27-01 9-27-01 8-10-01 8-10-01 8-10-01
15m
100 m
33 m*
100 m
10 feet
40 m
115 m
above
below
above
below
above
below
below
dredge
dredge
dredge
dredge
dredge
dredge
dredge
Scoring
parameter
Total taxa
Ephemeroptera
taxa
Plecoptera taxa
Trichoptera taxa
% Plecoptera
HBI
% 5 dominant
Scraper taxa
Clinger taxa
Average Score
Overall Rating

Lab ID10
100

9-26-01
10 feet
above
dredge

Lower Site
9-26-01
40 m
below
dredge

9-26-01
100 m
below
dredge

Lab ID-1

Lab ID-2

Lab ID-9

Lab ID-3

Lab ID-4

Lab ID-5

Lab ID-6

Lab ID-7

Lab ID-8

100

100

100

100

100

100

100

100

100

62

85

62

77

46

62

62

62

62

62

90

100

30

90

40

10

40

40

60

90

90

100

30

90

100

90

70

70

70

60

22.40

25.50

1.33

10.10

4.10

0.85

5.30

5.13

5.23

8.10

64.17

67.86

54.52

68.81

63.69

65.83

65.60

68.93

71.19

71.43

100

100

91

87

83

97

100

81

100

100

100

100

100

100

100

88

75

75

100

88

100

100

70

100

96

91

87

96

100

100

66.45

74.27

75.50

Good

Good

Good

80.95

86.48
59.87
80.32
70.31
67.19
67.21
Very
Good
Fair
Good
Good
Good
Good
Good
*Transect originally 15 meters above dredge was moved 18 meters further upstream due to presence of active Chinook redds.

Table 5. South Fork Clearwater River macroinvertebrate communities rated according to DEQ waterbody
assessment protocols.

For this study, samples collected upstream of the suction dredge activities are considered to
reflect background conditions. Analysis of these samples document a 26% variation in the
average Stream Macroinvertebrate Index scores (SMI). Samples collected at sites located
below the suction dredge activities show a variation of less than 26% in the average SMI
scores which may be interpreted as being within natural variation of background conditions.
There are not enough data points to calculate a statistically significant comparison between
above and below sample sites. Based on these limitations in data use, we believe the
macroinvertebrate data are inconclusive and can not provide a determination of an impact to
the macroinvertebrate community as a result of these suction dredge activities.
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Surface Fine Sediments
Percent surface fine sediments measured using the pebble count is an accepted index of
stream substrate condition. In this study these data proved inconclusive for indicating trends
due to the natural variability.
The raw data for the surface sediment sampling results are provided in Table 6, along with
the percentage of fine sediments. At the middle site, the water was too deep to perform a
pebble count, so data for this site are absent.

7/26/01
BEFORE/
ABOVE

Surface Fine Sediments
Upper Site
9/27/01
9/27/01
8/10/01

8/10/01

BEFORE/
ABOVE

BEFORE/
BELOW

AFTER/ ABOVE AFTER/ BELOW

Lower Site
9/26/01 9/26/01
AFTER/
ABOVE

AFTER/
BELOW

9/26/01
AFTER/
BELOW

T-1 above T-1;
T-2; 101 m T-1
T-3 at 115 T-1; 10 T-2; 40 T-3; 115
dredge
duplicated
below
above
m below
m above m below m below
W/D of T-1 dredge site dredge dredge
dredge dredge dredge
Particle Diameter Size
7/26/01
silt/clay
0
10
0
0
0
2
6
10
0-1mm
sand
26
22
10
6
3
8
40
10
1.1-2.5 mm
very fine pebble
2
5
0
1
0
5
2
1
2.51-6 mm
Pebble
2
7
0
0
1
19
8
9
6.1-15 mm
coarse pebble
9
10
4
3
2
10
14
7
15.1-31 mm
very coarse pebble
20
30
38
5
9
15
13
12
31.1-64 mm
small cobble
41
27
42
15
29
29
23
41
64.1-128 mm
large cobble
3
7
6
53
50
27
33
29
128.1-256 mm
small boulder
0
0
13
19
14
33
7
21
256.1-512 mm
Medium boulder
0
0
0
0
0
11
0
2
512.1-1024 mm
large boulder
0
0
1
13
0
5
1
0
1024.1 mm & larger
Total # of particles
103
118
114
115
108
164
147
142
# of particles < 2.5 mm
26
32
10
6
3
10
46
20
# of particles < 6 mm
28
37
10
7
3
15
48
21
% fines < 2.5 mm
25.24
27.12
8.77
5.22
2.78
6.10
31.29
14.08
% fines < 6 mm
27.18
31.36
8.77
6.09
2.78
9.15
32.65
14.79
Table 6. Particle size distribution and percent surface fine sediments.
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On the upper site (see Figure 7 for graphs), the surface fine sediment was significantly less
below the perturbed area.

Surface Fine Sediment
Upper Site
35.00
30.00
25.00
Pe 20.00
rc
en
t 15.00

% fines < 2.5
% fines < 6

10.00
5.00
0.00
BEFORE/ABOV
E 7/26/01

AFTER/ABOV
E 9/27/01

AFTER/BELO
W 9/27/01

Sample Date and
L
ti

Upper Site
45
7/26/01 BEFORE/ABOVE

40

9/27/01 AFTER/ABOVE

35

9/27/01 AFTER/BELOW

30
Number 25
of Particles
20
15
10

Site Locations

5

large boulder
1024.1 mm & larger

small boulder
256.1-512 mm

7/26/01 BEFORE/ABOVE
medium boulder
512.1-1024 mm

Particle Diameter Size Classes

large cobble
128.1-256 mm

small cobble
64.1-128 mm

9/27/01 AFTER/ABOVE
very coarse pebble
31.1-64 mm

coarse pebble
15.1-31 mm

pebble
6.1-15 mm

very fine pebble
2.51-6 mm

9/27/01 AFTER/BELOW
sand
1.1-2.5 mm

silt/clay
0-1mm

0

Figure 7. Percent Surface Fine Sediments and Partaicle Distribution at the Upper Site
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For the lower site (see Figure 8 for graphs), the surface fine sediment does show some
elevation below the perturbed area.
Surface Fine Sediments
Lower Site
35.00
30.00

Percent

25.00
20.00

% fines < 2.5 mm
% fines < 6 mm

15.00
10.00
5.00
0.00
BEFORE/ABOVE
8/10/01

AFTER/ABOVE
9/26/01

AFTER/BELOW
9/26/01

Sample Date and Location

Lower Site

8/10/01 BEFORE/ABOVE

60

8/10/01 BEFORE/BELOW
50

9/26/01 AFTER/ABOVE
9/26/01 AFTER/BELOW

40

9/26/01 AFTER/BELOW

Number
30
of Particles
20
Site Locations

10

9/26/01 AFTER/BELOW

large boulder
1024.1 mm & larger

Particle Size Classes

8/10/01 BEFORE/ABOVE

small boulder
256.1-512 mm

small cobble
64.1-128 mm

coarse pebble
15.1-31 mm

9/26/01 AFTER/ABOVE

very fine pebble
2.51-6 mm

silt/clay
0-1mm

0

Figure 8. Percent Surface Fine Sediments and Particle Distribution at the Lower Site
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Conclusions
The study plan implemented in 2001 had limited use in predicting recreational dredge mining
impacts to water quality in South Fork Clearwater River. In order to determine long term
impacts to water quality and habitat, a prolonged monitoring plan based on long term
proposed plans of operation in each of the stream reaches would have to be developed and
implemented. Within that study, additional habitats such as pools, which are important for
overwintering, should be evaluated to determine if there is a significant loss in their volume.
In addition, the volume and character of substrate dredged should be evaluated as different
stream segments may deliver significantly different volumes of fines downstream during
dredging operations.
Turbidity
The Idaho Water Quality Standards criteria for turbidity were not violated within the
sediment plumes of active recreational suction dredges.
Macroinvertebrates
These short term recreational suction dredge mining activities monitored as part of this
project do not appear to be impacting the benthic macroinvertebrate assemblages at the study
sites. The seven metrics used in the Stream Macroinvertebrate Index score indicate the
stream sites are in fair to very good condition. Improving macroinvertebrate assemblages at
the downstream sites may be the result of temporary changes in substrate by the action of the
suction dredges. Removing fine sediment from stream gravels creates interstitial spaces,
which favor stoneflies and caddisflies, which are intolerant of fine sediment and indicators of
good water quality. Large increases in Plecoptera (stonefly) and Trichoptera (caddisfly)
Richness were seen at the downstream sites.
However, the score for each site may be interpreted as being within the natural variation of
background conditions. Therefore, the macroinvertebrate data will not lend themselves to
making any conclusions about impacts to water quality resulting from these recreational
suction dredge mining activities to the macroinvertebrate populations present.
Surface Fine Sediments
Data collected for surface fine sediment was inconclusive. At one site, the surface fine
sediments decreased, and at the other site, they increased below the perturbed area. These
results could be due to background site variability or other parameters beyond the scope of
the study. The surface fine sediment samples may not be representative of South Fork
Clearwater River due to a small sample size. These data should not be interpreted as being
representative of other waterbodies in the state.
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As an overall conclusion, results from this study indicate that the limited recreational suction
dredge mining activities occurring during 2001 on South Fork Clearwater River cause no
measurable short term impairments on aquatic life beneficial uses.
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Appendix A. Macroinvertebrate Data Analysis by
EcoAnalysts, Inc.*
*typed verbatim from the narrative report

Michael Walters, 8 May 2002
Grangeville Dredge 2001-Narrative
(Upper Site)
Downstream comparison between 27 July and 27 September 2001
Percent dominant taxa looks good. Arrival of Acari as the third dominant taxon should be
noted; though the water mites are diverse with regard to habitat requirements and stress
response, a large proportion of mites in the community might indicate a stressed community.
Richness measures are lower in September than in July, however, similar changes occurred at
the upstream site between the two sampling times.
Community composition looks good (note that I put less emphasis on these measures than the
richness measures, which tend to be much more robust with regard to biological
assessmen(t)). I see nothing here of concern.
Functional feeding group composition also looks good. Since these metrics tend to show a
fair bit of variability, I only note the one that shows a large change and which is not reflected
upstream. The percentage of shredders is higher in September sampling than in July, but this
is an indicator of an improving community rather than one undergoing stress. 'Shredders'
describes those organisms that utilize sources external to the stream system for food (e.g. leaf
fall).
The HBI (Hilsenhoff Biotic Index) shows a slight decrease in September from July that is not
reflected upstream. However, since higher numbers indicate stress, this certainly does not
indicate a problem. The HBI is an abundance-weighted average of tolerance values for the
organisms present in the sample, with a higher tolerance value indicative of a stress-tolerant
organism. The values are intended for tolerance to organic enrichment, and are probably
much less effective for indicating other stressors.
There are two other metrics which use tolerance values (again, the values are primarily used
in response to organic enrichment). Intolerant taxa richness remains the same for July and
September, so no problem indicated. Percent tolerant taxa does increase in September from
July, but this is reflected upstream.
Long-lived taxa richness shows a reduction in September from July, however this is reflected
at the upstream site.
In summary, most differences seen between July and September sampling were reflected
upstream. Overall, there is no indication of impact due to dredging between the two
sampling dates.
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September upstream/downstream comparison
No problem indicated by identities of dominant taxa. Percent dominant taxa measures
similar between upstream and downstream sites.
No decreases in the richness measures at the downstream site. In fact, large increases in
Plecoptera and Trichoptera Richness are seen downstream.
No complaint with community composition measures.
The only functional feeding group measure that differs markedly is Percent Shredders, which
does not indicate an impact at the downstream site.
HBI and Percent Tolerant Taxa decreased downstream, while intolerant taxa richness
increased - therefore no problems indicated there either.
(Lower Site)
Comparison between 10 August and 26 September 2001
Percent dominant looks good, especially with the modest decrease between August and
September (a high proportion of the dominant taxa indicates stress). Acari is not among the
dominant taxa in September, and the three dominant taxa that are present are stressintolerant. No problems indicated.
The only richness measure which shows a decrease is Trichoptera Richness. However, a
similar decrease is reflected at T-1.
Differences in community composition between the two sampling dates are reflected
upstream.
A strong increase in collector-filterers, which might otherwise indicate stress, is reflected
upstream between the two sampling periods. Differences in functional feeding group
composition otherwise do not indicate problems.
Other metrics look good.
September T-1/T-2 comparison
As stated above, the three dominant taxa present at T-2 in September are all stress-intolerant.
Decreases in Percent Dominant Taxa measures at the downstream site certainly do not
indicate impact.
Richness measures either were the same or increased at the downstream site. No problem
indicated.
No complaints with community composition.
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Increases in Percent Shredders and Percent Predators, with corresponding decreases in
Percent Collector-filterers and Percent Collector-gatherers also are not indicative of impact.
Of the remaining metrics, only Percent Tolerant Taxa might be of concern if the difference
between T-1 and T-2 were greater.
T-3 comparison between 10 August and 26 September 2001
Zaitzevia is moderately tolerant of stress, while the other two dominant taxa present in
September are intolerant. Percent dominant taxa is reduced in all three cases between August
and September. No problems indicated.
Except for Trichoptera Richness, the richness measures are the same or greater in September
than in August. Reduced Trichoptera Richness is reflected at T-1 and T-2.
Community composition slightly improved between August and September.
Increases in Percent Shredders and Percent Predators, which accompanying reductions in
Percent Collector-gatherers and Percent Collector-filterers indicate an improving community,
but perhaps driven by seasonality.
Other metrics look good.
September T-1/T-3 comparison
Very similar results to September T-1/T-2 comparison.
Conclusion
The benthic invertebrate communities do not indicate impacts due to dredging operations at
(Upper Site) and (Lower Site) between 15 July and 15 August 2001.
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Summary
This report describes the results of our research during 1997 and 1998 into the effects of commercial suction dredging on the
water quality, habitat, and biota of the Fortymile River and recreational dredging on Resurrection Creek and the Chatanika River.
On the Fortymile River, water chemistry, heavy metal concentrations, riverbed morphology, algal (periphyton) standing crop, and
aquatic macroinvertebrate abundance and diversity were measured in relation to commercial suction dredging for both years. The
focus of our work on the Fortymile in 1997 was on an 8inch suction dredge (Site 1), located on the mainstem and a 10 inch
dredge located on the South Fork (Site 2a). Our research in 1998 included (1) resampling the 1997 sites on the mainstem and SF
Fortymile to determine recovery after one year, (2) sampling a dredge site on the South Fork to examine for possible spatial
variability in the effects of largescale suction dredging on benthic communities (3) sampling a dredge site on the North Fork
Fortymile to determine whether impact and recovery differ from conditions on the South Fork and the mainstem, and (4) again
sampling unmined sites on the NF and SF to better document suspected background differences between the two forks in terms of
macroinvertebrate communities. In all of the suctionmined sites studied, dredges were operated by experienced miners.
Sampling was performed at fixed transects above and below the dredge locations. Additional sampling above the confluence of
the North and South Forks revealed differences in background conditions in these two main tributaries.
At Site 1, dredge operation had no discernable effect on alkalinity, hardness, or specific conductance of water in the Fortymile.
Of the factors we measured, the primary effects of suction dredging on water chemistry of the Fortymile River were increased
turbidity, total filterable solids, and copper and zinc concentrations downstream of the dredge. These variables returned to
upstream levels within 80160 m downstream of the dredge. The results from this sampling revealed a relatively intense, but
localized, decline in water clarity during the time the dredge was operating. The impact of suction dredging on water clarity and
heavy metal concentrations may be greater or lesser than we measured, depending on the type of material the dredge is
excavating.
The crosssectional profiles indicate that the impact of the dredge piles relative to the width of the Fortymile River was small.
After one year, dredge piles at Site 1 had largely disappeared following the scouring flows that accompany snowmelt in the
Fortymile drainage. However, at Site 2, dredge piles were clearly discernable after one year. Macroinvertebrate abundance and
diversity were greatly reduced in the first 10 m below the dredge at Site 1 during 1997, relative to the upstream reference site.
For example, macroinvertebrate abundance was reduced by 97% and the number of taxa by 88% immediately below the dredge.
The abundance and diversity of macroinvertebrates returned to values seen at the reference site by 80 to 160 m downstream of
the dredge. A similar decline in macroinvertebrate abundance and diversity was observed at Site 2a. One year after dredging at
both Site 1 and Site 2, recovery of macroinvertebrate diversity appeared to be substantial. The cumulative effect of suction
dredging on the biota of the Fortymile is a function of the number of dredges operating concurrently, the size of the dredges, the
strategy and effectiveness of their operators, and the rate and extent of recolonization on the excavated dredge piles.

We compared conditions in the North Fork versus the South Fork of the Fortymile under the hypothesis that the greater
background mining activity (of all types) on the SF would result in reduced macroinvertebrate abundance and diversity. We also
expected that suction dredging would be relatively less harmful at already impacted sites than at sites that were less disturbed.
An increase in macroinvertebrate density was found in the NF, relative to the SF, and this we attributed to the lower variability of
benthic organic matter and greater amounts of periphyton standing crop that occurred in the NF. We could discern no natural
reason for this difference and therefore attribute this result to the greater disturbance in the SF from all forms of mining, historic
and current.
The second component of this project is to examine the effects of recreational suction dredging on smaller streams in Alaska. In
1997, sampling was conducted on a single site on Resurrection Creek, a designated recreational mining stream on the Kenai
Peninsula. In 1998, sampling was conducted on the Chatanika River, known to be popular for recreational dredging. The
Chatanika River was sampled at a location north of Fairbanks. The results from Resurrection Creek indicated that there was no
difference in the macroinvertebrate community between the mining area and the locations downstream of the mining area, in
terms of macroinvertebrate density, taxa richness, EPT richness, or food resources. Results from the Chatanika showed slight
downstream decreases in macroinvertebrate density, but all other measures remained similar to those of the reference area. In
general, our results are in agreement with other studies that have found only localized reductions in macroinvertebrate
abundance in relation to smallscale suction dredging.
Part I  Suction Dredging in the Fortymile River
Introduction
This report describes the results of research performed during 1997 and 1998 to determine the possible impacts of commercial
suction dredging on the water quality, benthic habitat, and biota of the Fortymile River, Alaska (hereafter, Fortymile). Also
described in this report are the impacts by recreational dredging on the Chatanika River and Resurrection Creek. This is the first
study of its kind to describe the effects of suction dredge mining on river ecosystems in Alaska.
In stream ecosystems, aquatic macroinvertebrates have become the primary assessment tool for resource managers (see
Barbour et al. 1996, Cairns and Pratt 1993). Several characteristics of aquatic macroinvertebrates, as a group, have led to their
general acceptance as reliable indicators of ecological condition: (1) they are generally immobile (relative to fish), (2) they
consist of a relatively large number of species that, collectively, display a range of sensitivities and responses to various types of
habitat degradation, (3) they tend to be ubiquitous throughout streams and rivers, and (4) they are relatively easy to sample and
identify. For these reasons, our assessment of the effect of suction dredging on the Fortymile, Chatanika, and Resurrection
focused on macroinvertebrates. In addition to aquatic macroinvertebrates, water chemistry, streambed geomorphology, algal
(periphyton) standing crop, and benthic organic matter (BOM) standing crop also were measured in relation to suction dredging
for both years. The latter two components form the food base for stream herbivores and detritivores and are vital to the
production and recovery of aquatic macroinvertebrates. Variations in the sampling method between years are described in the
Methods section.
Historically, gold mining occurred throughout the Fortymile basin and several types of operations are still active, including
placer mining, hydraulic mining, and suction dredging. Large scale placer mining also occurs in some sections of the Chatanika
River and historically in the lower reaches of Resurrection Creek. Our research was limited to investigations on the effects of
suction dredging. We addressed two general topics: (1) the effect of relatively large (810 inch) commercial suction dredges on
ecological conditions in the Fortymile and (2) the general effect of smaller (26 inch) recreational suction dredges on benthic
habitat and biota in the Chatanika River and Resurrection Creek. Part I of this report presents the results from the Fortymile; Part
II describes results of smallscale mining within the recreational mining sites.
Suction dredging typically involves excavating the deeper, largely uninhabited sediments and depositing them on top of the
ecologically more important surface substrates. Sorting and redeposition of substrata moved through a dredge were expected to
alter the streambed geomorphology and create "dredge piles" downstream of the dredges. Our effort here was directed toward
determining the size (height, width) of the dredge piles, relative to the crosssectional width of the river. This type of physical
disturbance of benthic substrata generally reduces periphyton standing crop, BOM, and macroinvertebrate density. Thus,
substrata moved through the dredge were expected to support less periphyton than substrata in undisturbed areas of the river
(see Peterson 1996). Abundance and diversity of macroinvertebrates also were expected to be sharply reduced in dredged areas,
as physical tumbling of substrata is known to kill and/or dislodge associated organisms (see Resh et al. 1988 for review), in
addition to reducing the available food base.
The impact of commercial suction dredging on benthic organisms was evaluated in 1997 on the South Fork and the mainstem
Fortymile River (Fig 1.). One site was also sampled in the North Fork near the confluence of the North and South Forks. In
addition to resampling the 1997 mainstem and South Fork dredge sites in 1998, we expanded our sampling to include one dredge
site on the North Fork and two additional dredge sites on the South Fork. We also sampled three reference sites unaffected by
mining activity on the North and South Forks, including the 1997 North Fork Confluence site. Overall, our goals for 1998 were (1)
to determine the potential for recolonization of the previous year's dredge spoils, (2) to expand the spatial scale of our sampling
by including sites that were dredged early (June), and late (September) in the season, and in different geomorphic settings
(inside and outside of a meander bend), (3) to sample dredged sites in a lessdisturbed portion of the basin (North Fork) than our
other sites, and (4) to compare impact and recovery potentials of dredge mining between more disturbed (South Fork), and less
disturbed (North Fork) streams in the same basin.
The research on recreational dredging was designed to assess the potential impacts on the aquatic macroinvertebrate
community in streams from geographically diverse locations and streams known to have annually repeated, relatively, intense
mining occur in the same location. Several potential sites were examined but most proved to be unsuitable for study because of
the absence of discrete areas of concentrated suction dredging confounded by other disturbances. Resurrection Creek contains a
section of stream designated for recreational mining activity by the State Department of Fish and Game and the U.S. Forest
Service and is located on the Kenai Peninsula in Southcentral Alaska. The Chatanika River has no such designation that we know
of, however it appears that mining is restricted to a section of river near Milepost 60 on the Steese Highway. The Chatanika River
site is known to receive a sizeable amount of suction dredge activity throughout its available mining season.

Methods
Sampling Design
The majority of our work on the Fortymile in 1997 was conducted at a single site, with an 8inch suction dredge operated by an experienced miner
(hereafter, Site 1). Site 1 was located approximately 13 kilometers (8 miles) upstream of the Taylor HighwayFortymile River Bridge (approximately 141°
30' W, 65° 17' N; Township 7 south, Range 32 east). Sampling was performed at fixed transects above, within, and below the dredge location (Fig. 2).
Work at this site occurred from 14 through 17 August 1997, under baseflow conditions. Less intensive sampling also was conducted above and below a
larger (10 inch) dredge located on the South Fork Fortymile also by a veteran miner (Site 2a), and near the mouth of the North Fork Fortymile (NF, Site
4). Sampling at Site 2a and in the NF was performed from 1718 August 1997 and was restricted to recently dredged piles and undredged reference
areas because the dredge was not active at the time, due to elevated water levels and turbidity following an intense rainstorm over an extensive part of
the basin.
During 1998, we returned to both Site 1 and Site 2a to determine the degree to which the areas dredged in 1997 had recovered
relative to the reference areas. At Site 1, the previous year's dredge piles were resampled using the same design as in 1997. At
Site 2a, the area that had been dredged in 1997 was resampled and another location, of different mining history and geomorphic
setting, was studied for the first time (2b). During 1998, we also sampled a dredge site located on the NF Fortymile (Site 3) to
increase the spatial extent of the study and to determine if the NF and SF respond differentially to effects of suction dredging.
Also in 1998 the reference site near the mouth of the NF was resampled and a comparable unmined site on the SF just upstream
of the confluence was added for better evaluation of potential SF/NF background differences.
The BeforeAfterControlImpact (BACI) approach is a powerful and generally accepted sampling design for detecting
environmental impacts (e.g., Smith et al. 1993, StewartOaten et al. 1986, Green 1979). For the present study, a BACI design
was used for water chemistry and turbidity sampling at Site 1. Water samples were collected prior to and during dredge
operation (Before and After) as well as upstream and downstream of the dredge (Control and Impact). Single measurements'
were made at each of ten transects. It was not possible to employ a BACI design for periphyton and macroinvertebrate
measurements because of the logistic problems associated with using an actual dredge and the limited amount of time available
for sampling under baseflow conditions. Instead, samples at Site 1 were collected upstream and downstream of the dredge while
the dredge was in operation. Five macroinvertebrate and periphyton samples were collected at each transect, except the 0 m, 5
m, and 10 m transects. Sampling the 0 m, 5 m, and 10 m transects individually was not practical due to the narrow width of the
dredge piles; collection of five samples across their limited width was not possible. Therefore, ten macroinvertebrate and
periphyton samples were collected from the 010 m area to document conditions immediately below the dredge. At Site 2a,
sampling was limited to recent dredge piles located 25, 35, and 70 m below the moored dredge, and a reference transect located
250 m upstream of the dredge. Although the dredge was not in operation during sampling at Site 2a, it had been in operation
during the preceding week. Finally, the samples from the reference area at Site 2a were used with similarly collected samples
from the mouth of the NF to compare conditions in the two forks of the Fortymile River.
In 1998, five macroinvertebrate and periphyton samples were taken from the reference, mined, 20 m, and 40 m locations at
Site 1 to determine the extent of recovery after one year. No mining occurred at Site 1 during the 1998 study period. At Site 2a,
samples were taken from the reference, 35 m, and 70 m transects. At Site 2b, slightly downstream of Site 2a, samples were
taken from three locations that had been dredged along the inside of a meander bend. Ten samples were taken from an "Upper"
location that had been dredged in late September 1997. Five samples were taken from two dredged areas slightly downstream of
the upper location that had been dredged within the preceding week. We sampled a single dredge site on the NF that had been
dredged with a 10 inch dredge within the previous 10 days of our sampling. Samples were taken at locations that had been
dredged, no attempt was made to document the downstream extent of mining disturbance at this site because of inconsistent
(patchy) dredge operations by the Site 3 dredge operators. Ten samples were taken from a location not affected by mining in the
NF, as well as from each of three transects within the mined area. In addition to the dredged locations within the Fortymile basin,
ten samples were taken from unmined locations in both the SF and NF near their junction with the mainstem (Sites 4 and 6). A
second NP location was sampled on request by the US Geological Survey after an upwelling of groundwater containing arsenic
and other heavy metals was located on the North Fork and is described in detail below. Ten samples were taken from this
location and were compared to samples taken from upstream of the upwelling.
Field and Laboratory Methods
The methods used throughout this study are standard and widely accepted techniques in stream ecology. Published reference
sources provide detailed instructions regarding these methods (Hauer and Lamberti 1996, APHA 1995, Cuffney et al. 1993, Porter
et al. 1993, Platts et al. 1983). These references often provide multiple methods for sampling a given variable. We selected the
techniques that were most applicable to our work on the Fortymile; specific details and modifications used on the Fortymile are
described below.
Turbidity, the inverse of water clarity, and specific conductance, a measure of the amount of total dissolved mineral salts in the
water, were measured on location with portable meters (Hach model 2100P and Orion model 135, respectively) immediately after
collection of the water samples. The meters were calibrated on a regular basis, as indicated in the manufacturer's instructions.
Water samples for alkalinity and hardness were stored in insulated containers after collection to minimize chemical and biological
activity in the water. For analysis, the samples were sent to the Stream Ecology Center, Idaho State University. The alkalinity
and hardness of each sample was determined in the laboratory using standard titration methods (APHA 1995).
Samples for total filterable solids were filtered on location within 3 hours of collection. The filters containing the samples were
stored in insulated containers to minimize bacterial degradation of filtered organics. Upon completion of the field sampling, the
samples were sent for analysis to the Stream Ecology Center, Idaho State University. These samples were analyzed by
determining the amount of mass lost on combustion at 550°C for 3 hours. The amount of mass lost on combustion is equivalent
to the organic mass of the sample and is referred to as ashfree dry mass (AFDM). Standard procedures were used to determine
the AFDM of the samples (APHA 1995). Total settleable solids were measured onsite immediately after sample collector using
Imhoff cones; settleable solids were measured only while the dredge was in operation.
Water samples from the Fortymile River were collected for determination of heavy metal concentrations using the "clean
hands/dirty hands" procedure as prescribed by the US Environmental Protection Agency. All materials (sample containers, filters,
coolers, etc.) and protocols used in the collection of heavy metal samples were provided by US EPA. Samples were sent for
analysis to the US EPA laboratory in Manchester, WA. In 1998, macroinvertebrates were collected to examine the potential of

these organisms to concentrate heavy metals within their tissues. Macroinvertebrates were collected from four locations: Alder
Creek, Polly Creek, and two locations on the NP Fortymile. Alder and Polly creeks are tributaries to the mainstem of the
Fortymile; Alder served as the reference site and Polly as a site that has been mined historically and currently experiences some
mining activity. On the NF Fortymile, the USGS has identified an area of upwelling groundwater that potentially is a source for
dissolved heavy metals in that river. One of the NF Fortymile sites from which macroinvertebrates were collected was located
above this possible heavy metal source, the other downstream of it. After collection, the invertebrates were immediately frozen
and kept frozen until analysis. Analysis of the metal concentrations within the invertebrate tissues was conducted by James Crock
at the USGS, Mineral Resources Program, Denver. To obtain a sufficient mass of tissue for analysis, all individuals from a site
were combined; thus the results are based on a single measurement per site. The invertebrates were dried, pulverized, and
weighed. The material was then transferred to a Teflon™ vessel and digested in 10 mL of concentrated nitric acid. One mL of the
solution was diluted to 10 mL and analyzed using the USGS standard ICPMS method. Mercury was determined using a cold
vaporatomic fluorescence spectrometry on a separate 1 mL aliquot diluted to 10 mL in sodium dichromate/nitric acid (James
Crock, personal communication).
Description of streambed morphology was accomplished by developing crosssectional profiles (see Platts et al. 1983) of the
river at the transects described above (Fig. 2). Distance out from a fixed location on the bank was measured along a (Kevlar)
cable stretched taut across the river. At numerous points across the width of the river, the distance from the cable to the water
surface and the total water depth were measured.
All macroinvertebrate sampling was done with a Portable Invertebrate Box (PIB) sampler that was modified for use in water
deeper than the height of the sampler. The PIB sampler encompassed 0.093 m2 of streambed (the sampler was approximately 30
cm on a side). The sampler was placed into position on the streambed and held in place by one operator while the second
operator disturbed the substrata enclosed by the sampler to dislodge the organisms. A removable 250p.m mesh net was attached
to the downstream end of the sampler to collect the dislodged organisms. Although designed to be used in deep water, the
current velocity of the Fortymile precluded use of the sampler at most deepwater locations, particularly those in the center of
the river. At some deepwater locations, SCUBA techniques were used to collect the samples; SCUBA was required for collection
of approximately 5% of the samples collected within the sediment plume. In general, all macroinvertebrate samples were
collected from nearshore habitats, approximately 230 meters from the bank. This is the same distance from the bank in which
the dredge was operating.
Following collection, each sample was placed into a labeled plastic bag (Whirlpak brand) to which approximately 1015 ml of
concentrated formalin was added to preserve the organisms. In the laboratory, the contents of each macroinvertebrate sample
were spreadout in a white sorting tray and all organisms removed. The sorting was accomplished with the aid of a dissecting
microscope of 10X magnification. The organisms were then identified to the lowest feasible taxonomic level, usually genus, using
published taxonomic references, primarily Merritt and Cummins (1996), Wiggins (1996), and Stewart and Stark (1993). A
reference collection was established and voucher specimens are located in the Stream Ecology Center, Pocatello at Idaho State
University.
Periphyton samples were collected from individual rocks located just upstream of each macroinvertebrate sample. Processing
was done immediately after collection of the rock and followed the procedures of Robinson and Minshall (1986). Briefly, the
process involved removing all material within an enclosed area (3.14 cm2) from the rock surface. The removed material was
then suctioned onto a prefired, glass microfiber filter (Whatman GF/F). Filters were frozen with liquid nitrogen in a modified
dewar flask (TaylorWharton model 3DS) and sent to the Stream Ecology Center, Idaho State University for processing.
Periphyton samples were extracted with reagent grade methanol (HolmHansen and Riemann 1978) and the 1997 chlorophylla
content was determined with a spectrophotometer (Gilford Instruments model 2600). The 1998 chlorophylla samples were
analyzed using a fluorometer in order to detect very low concentrations. Following centrifugation, approximately 3 ml of the
sample was removed and used in the chlorophylla determination, the remaining material was used for measuring the AFDM of
the sample as described above under total filterable solids.
Results
Water Chemistry and Clarity
At Site 1, dredge operation had no discernable effect on alkalinity, hardness, or specific conductance in the Fortymile (Fig. 3).
Alkalinity ranged from <20 to >50 mg CaCO3/L, regardless of whether or not the dredge was operating. Hardness ranged from
approximately 80 to 115 mg CaCO3/L. Both alkalinity and hardness displayed a large amount of variability in the immediate
vicinity of the dredge whether or not the dredge was operating. Values of alkalinity and hardness measured at 320 m below the
dredge were similar during operation of the dredge to values measured when the dredge was not in use (Fig. 3). Specific
conductance showed only slight spatial and temporal variation during our sampling. Values ranged from 131 to 135 µS/cm, with a
small decrease immediately downstream of the dredge, when in operation (Fig. 3). Turbidity and total filterable solids (TFS) both
displayed an increase below the dredge (Fig. 4). During operation of the dredge, turbidity increased from values around 1 NTU
upstream of the dredge to values of approximately 25 NTU immediately downstream of the dredge. The elevated turbidity
declined rapidly downstream and by 160 m ( 525 ft) turbidity had returned to values measured upstream of the dredge. No such
increase in turbidity was recorded when the dredge was not in operation. TFS showed a pattern similar to that of turbidity,
increasing from 3 mg AFDM/L upstream of the dredge to 46 mg AFDM/L immediately downstream of the dredge (Fig. 4). As with
turbidity, TFS did not display an increase downstream of the dredge when the dredge was not operating. Regardless of whether
or not the dredge was operating, a longitudinal increase in TFS was measured from 80 m to 320 m downstream of the dredge. At
160 m downstream of the dredge, values of TFS were 28 and 23 mg AFDM/L during operation and nonoperation, respectively.
Total settleable solids showed a pattern very similar to that observed for TFS (Fig. 5).
During operation of the dredge, specific conductance and turbidity were measured across the width of the Fortymile at 0, 5, 10,
20, and 320 m downstream of the dredge to identify the proportion of the river width affected by the dredge plume. Specific
conductance was unaffected by the dredge plume which was located along the right bank, but did decrease near the left bank
(Fig. 6). This decrease was most likely due to groundwater and/or a small tributary that joined the Fortymile on the left bank just
upstream of the study area.
Unlike specific conductance, crosssectional measurements of turbidity from within the dredge plume showed a large increase,
relative to areas outside the plume (Fig. 7). However, at 320 m downstream of the dredge, crosssectional variation in turbidity

was quite low, ranging from 1.2 to 2.5 NTU. During this sampling, the dredge was operating in close proximity to the right bank.
Under these conditions, the plume tended to remain near the right bank and did not extend to the center of the river. In terms of
turbidity, approximately 7% of the river width was affected by the dredge plume for a distance of less than 320 m.
Heavy Metals
For the unfiltered samples, two metals, copper and zinc, showed distinct increases downstream of the dredge (Fig. 8). Total
copper increased approximately 5fold and zinc approximately 9fold at the transect immediately downstream of the dredge,
relative to the concentrations measured upstream of the dredge. For both metals, the concentrations declined to near upstream
values by 80 m downstream of the dredge. The pattern observed for total copper and zinc concentration is similar to that for
turbidity and TFS (see Fig. 4), suggesting that the metals were in particulate form, or associated with other sediment particles.
The results of sampling for dissolved heavy metals area are shown in Table 1. Zinc, arsenic, and copper displayed an average
value downstream of the dredge that was greater than the average value measured upstream of the dredge (note that samples
sizes are low, particularly upstream of the dredge). Copper displayed the greatest change, increasing by approximately 3fold
downstream of the dredge. Dissolved lead concentrations did not appear to be affected by operation of the dredge. Values of
dissolved mercury actually were greater upstream of the dredge, suggesting that any effect of the dredge was likely within the
range of natural variation. (The operator reported observing deposits of liquid mercury within the sediments he was working.) For
both dissolved and total concentrations, budgetary limitations precluded multiple sampling across either space or time, thus the
results of heavy metal sampling are only indicative of likely conditions.
Due to the low densities of macroinvertebrates in the dredge plume (and in the Fortymile in general) and the short exposure
times, no macroinvertebrates were collected for heavy metal tissue analysis downstream of the suction dredge. However, results
from the 1998 analysis of macroinvertebrate tissues suggest that these organisms are capable of concentrating heavy metals at
least under conditions of chronic exposure. Although the data are preliminary in nature, several metals showed substantially
greater concentration in the invertebrates from Polly Creek (mined) than from Alder Creek (reference), including mercury, zinc,
molybdenum, and arsenic (Table 2). Other metals, such as copper and nickel, did not exhibit substantial differences between the
two sites. The upwelling area identified by the USGS as a potential source of metals in the NF Fortymile did not appear to be
influencing metal concentrations in macroinvertebrates. For the metals listed above, nickel was the only metal that showed a
substantial increase (Table 2).
Channel Morphology
Site 1 Crosssectional profiles were mapped to quantify the extent of the dredge piles relative to the width of the river. At Site
1 only the pile created most recently, 0 m downstream of the dredge, was visible with our profile mapping (Fig. 9). At the
transects 5 and 20 m downstream of the dredge the piles were visually obvious due to the light color of the excavated material
compared to undisturbed riverbed. However, the piles did not appear as distinct "mounds" in the measurements made at these
transects. One year after active dredging occurred, the distinct mounds seen in Figure 8 at the 0 m transect were no longer
apparent. There was no discernable dredge pile at the 5 and 20 m areas. Figure 9 is based on detailed mapping along the right
bank of the river and is drawn to scale to represent the conditions within the streambed relative to the depth of the river in that
area. There is a large width:depth ratio for Site 1 as indicated by Figure 10. Discernable dredging activity can be seen within the
first 5 m from the right bank. The area that this particular dredge operation affected was about 6% the width of the river.
Site 2a In August 1997 partial crosssectional profiles were measured every 5 meters, beginning slightly downstream of
dredging activity and continuing for 110 meters, to map a series of dredge piles along the right bank of the South Fork of the
Fortymile (Appendix A). In July 1998 three transects were remeasured to map the change in location of the dredge piles (Fig. 1).
The dredge pile at 30 m shows a shift towards the center of the stream, though the overall size remained essentially the same
after one year. A profile of the 40 m transect produced similar results. Remaining partial crosssectional profiles are presented in
Appendix A.
Site 2b In July 1998 a second site on the South Fork was included in our sampling to determine if there are spatial differences
in dredging effects on biota. Cross sectional profiles were measured. Full crosssectional profiles were completed for the "upper"
pile in 1998 which had been dredged in September of 1997 (Fig. 12) and partial crosssections were measured for the upper,
middle, and lower locations (Figs. 13 and 14). Easily discernable dredge piles were observed and measured between 0, 5, and 10
m below a reference transect at the upper location for Site 2b. Partial crosssectional profiles also were measured to determine
the longitudinal extent of the upper dredge pile (Fig 13). According to our measurements, the upper dredge pile tapered off at
about 35 m. Profiles for the middle and lower dredge areas show another dredge pile beginning between 80 and l00 m. The lower
dredge pile begins at about 130 m and continues slightly past 140 m (Fig 14). The middle and lower dredge areas were mined
about 7 days prior to our sampling at Site 2b.
Site 3 Crosssectional profiles also were measured at Site 3 in the North Fork. Entire width profiles were measured every 20 m
along this reach (Fig. 15) and partial profiles were measured at various distances between each full profile (Fig. 16). Dredging
was active at the 0 m and 10 m locations and between the 40 and 60 m locations. There is a large width:depth ratio for Site 3.
Figure 13 shows the size of the dredge piles relative to the entire width of the river for Site 3. The full width profile measured for
Site 3 shows distinguishable channel forms where mining activity had occurred within 10 days of our sampling at 20 m, 60 m,
and 80 m though the 80 m location may simply be due to natural bed forms. The lack of obvious dredge piles at the 0 m and 40
m locations are most likely because the dredge pile began slightly upstream of these locations. Dredge piles accounted for
approximately 15% of the total channel width at Site 3.
The partial profiles show very distinct dredge piles 5 m downstream of mining activity which can be seen nearly 4 m from the
right bank. 10 m downstream another relatively distinguishable streambed "rise" is discernable between 4 and 6 m from the right
bank. There is no discernable effect on the streambed 15 m downstream of mining activity according to these profiles.
Periphyton Standing Crop
At Site 1, 1997 periphyton AFDM was greatest at the transect upstream of the suction dredge, with a mean value of 1.8 mg
AFDM / cm2 (Fig. 17). Periphyton standing crop was reduced by approximately 24 fold at the transects downstream of the
dredge. The lowest value, >0.5 mg AFDM / cm2, occurred in the first 10 m immediately below the dredge. Unlike other variables,
periphyton standing crop did not appear to recover at subsequent transects downstream of the dredge. At the 320 m transect, for
example, AFDM was only 50% of the value measured upstream of the dredge. Chlorophylla concentrations are reduced to

unmeasurable values within the areas dredged and 20 m below the operating dredge. Measured chlorophylla concentrations
follow the results of periphyton standing crop biomass downstream of the operating dredge. After one year, chlorophylla
concentrations and periphyton standing crop biomass in the mined area had returned to values near those from the unmined
reference location, indicating that periphyton is unaffected by dredging the previous year at this location (Fig 18).
Both periphyton standing crop and chlorophylla at Site 2a showed little response to dredging in comparison to the upstream
reference location in 1997. In 1998, mean chlorophylla concentrations were nearly identical at the reference location to those
values in 1997; however, mean chlorophylla concentrations were greater at each of the dredged locations in 1998 than in 1997
(Fig 19). Periphyton standing crop in 1998 also increased 24 fold in the reference and 25 m locations and increased slightly less
in the 70 m and 100 m locations after one year (Fig 19).
At Site 2b, periphyton standing crop biomass averaged between 3 and 4 mg/cm2 for all locations regardless of the year in
which they were dredged. However, mean chlorophylla was 2.5 times greater in the "Upper" location, which had been dredged
late in the previous year, than either of the other two nearby locations that had been dredged in 1998. The Upper location was
dredged late in the 1997 mining season but sampled only during 1998. The greater amount of chlorophylla in the upper location,
compared to the other two (1998) dredge piles is most likely due to the additional time of recovery (Fig. 20).
Comparisons between the NF and SF Fortymile were conducted to document differences in background conditions and the
potential for recovery of mined areas in two tributaries with different mining pressures within the same basin. Mean periphyton
biomass was three times greater in the NF site (Site 4) than in the SF site (Site 6) in 1997. Mean chlorophylla concentrations
were 4 times greater in the NF than, in the SF for the same year (Fig 21).
Aquatic Macroinvertebrates
Site 1 The shortterm influence of the suction dredge on macroinvertebrates appeared to be limited to the first 2040 m
downstream of the dredge. Two locations were examined upstream of the dredge at Site 1, the first was approximately 80 m
upstream and the second approximately 200 m upstream. In terms of water velocity and substrate characteristics, the 200 m
site was considerably more similar to the habitat downstream of the dredge than was the 80 m site. For this reason, only the
200 m transect was used as the reference for Site 1.
The abundance of macroinvertebrates at Site 1 was low, relative to large rivers in other parts of North America (e.g., Royer
and Minshall 1996). A mean of 270 individuals per m2 was collected at the reference site; approximately 370 individuals per m2
were found at the site 160 m downstream of the dredge (Fig. 22). Diversity averaged 67 taxa per sample at the reference site
and ranged from 1 to 7 taxa per sample at the sites downstream of the dredge. Taxa within the orders of Ephemeroptera
(mayfly), Plecoptera (stonefly), and Trichoptera (caddisfly) are considered sensitive to habitat degradation and are used
commonly in aquatic bioassessment. The mean number of EPT taxa was 5 per sample at the reference site and ranged from <1
to 5 per sample at the sites downstream of the dredge.
The abundance and diversity of macroinvertebrates at Site 1 was greatly reduced in the first 10 m below the dredge, relative to
the reference site. Immediately below the dredge (010 m) macroinvertebrate abundance was reduced by 97%, number of taxa
by 88%, and number of EPT taxa by 92%, relative to the site 200 m upstream of the dredge. The abundance and diversity of
macroinvertebrates returned to values seen at the reference site by 80 to 160 m downstream of the dredge.
The relative abundance of all taxa collected from the Site 1 in 1997 are presented by transect in Table 3. The order Trichoptera
was the most abundant, in terms of richness, with seven genera represented. Five genera of Ephemeroptera and two genera of
Plecoptera were collected. Two families of Diptera were found, Simuliidae (blackflies) and Chironomidae (midges). Other groups
included: one genus of Coleoptera (beetles), Acarina (water mites), Collembolla (springtails), Oligochatea (aquatic earthworms),
and Ostracoda. For all transects, 50% or greater of all taxa were members of the Chironomidae and the Ephemeroptera.
The sampling conducted in 1998 indicated substantial recovery at Site 1 from the dredging that occurred in 1997, in terms of
macroinvertebrate diversity. Diversity was notably reduced downstream of the dredge in 1997 (see above) but in 1998 the
difference in diversity among the four transects was minimal (Fig. 23). For example, at the location 20 m downstream of the
dredge macroinvertebrate diversity was approximately 6 taxa in 1997 but 17 taxa in 1998. A similar increase in the number of
taxa was observed at all Site 1 transects that were sampled in both 1997 and 1998. Macroinvertebrate density and the number of
EPT taxa also increased after one year (Fig. 24).
Site 2a Sampling in 1997 revealed patterns at Site 2a similar to those observed at Site 1. Macroinvertebrate density at the
reference transect was approximately 200 individuals per m2 (Fig. 25). At the transect 25 m downstream of the dredge, density
decreased to approximately 20 individuals per m2 and then increased to about 100 individuals per m2 at the transect 70 m
downstream of the dredge. The number of taxa at the reference transects was equal for Site 1 and Site 2a and showed a similar
downstream pattern at both sites. The number of EPT taxa, however, was considerably less at Site 2a in 1997, although the
downstream pattern was the same as that for Site 1. Recovery of macroinvertebrate diversity at Site 2a was nearly complete one
year after dredging with approximately 20 taxa at each of the transects (Fig. 26). One year after dredging with a 10 inch dredge
at Site 2a, macroinvertebrate density, richness, and number of EPT taxa also had recovered to premining conditions (Fig. 27).
Site 2b A second site was established on the South Fork of the Fortymile River in 1998 to evaluate the effects of dredging on a
nearby site with different water flow and possibly substrate composition. This site was on the inside bank of a meander bend,
about 800 m downstream of Site 2a. Site 2b was also used to evaluate the effects of dredging late in the fall on
macroinvertebrate composition. In Figures 28 and 29, locations labeled "Upper" represent an area dredged with a 10inch dredge
in late September 1997. Locations labeled "Middle" and "Lower" represent adjacent areas mined within a week of our sampling in
July 1998. Comparing Site 2a results with the Upper location of Site 2b revealed that there were in fact differences in
macroinvertebrate density between the Upper site of Site 2b and the reference area of Site 2a. Mean macroinvertebrate density
at the reference location of Site 2a was 26% of the "Upper" location of Site 2b, 40% of the "Middle" and nearly 30% of the
"Lower" locations (Fig 28A). The number of EPT taxa per sample present in the Site 2a reference location were 74% that of the
"Upper" location of Site 2b (Fig 29A). Likewise, the number of Diptera present in each sample from Site 2a were 72% those
present at Site 2b (Fig. 29B) Diptera comprised between 40 and 80% of the macroinvertebrates per sample at all of our SF sites.

Site 3 We sampled a single dredge site on the North Fork in which a 10inch dredge was operated by an experienced miner and
was actively dredged within 10 days prior to our sampling. This site consisted of three dredged areas, one beginning at the head
of our study reach (T0), the second stretching the length between 10 and 20 m from the T0 location (T10), and the third
encompassing the distance between 40 and 60 m (T40) from the T0 location. The mined areas at 0 m, 10 m, and 40 m were
compared to a reference location in an unmined area of similar substrate type and water velocity. We were not able to determine
the distance downstream affected by dredging because of inconsistent dredge operations by the North Fork miners which were
caused by relatively high flows over the duration of our sampling. The study reach chosen here allowed us to determine the short
term recovery (>10 days) of these dredged areas in the North Fork. Our results suggest that all measures except
macroinvertebrate density appeared to fully recover within 10 days since dredging. Macroinvertebrate density at the reference
location averaged about 1600 organisms per m2 while densities within the mined areas averaged between 1200 and 1400
organisms/m2
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ABSTRACT
It is well known that mercury presents high toxicity, causing a great damage to the
environment and living organisms; however, its properties depend on the mercury species
present. Organomercury compounds, where methylmercury is included, cause more
concern.
Since 60-70’s, several methylation mechanisms are known. Generally,
methylmercury can be formed naturally in the aquatic environment by two general
pathways: chemical methylation (abiotic) and microbial (biotic) processes. At the same
time, methylmercury can be also decomposed abiotically or by the action of several
demethylating microbes, or demethylators, ranging from anaerobes to aerobes. Regarding
the biotic methylmercury demethylation, two distinct vias - oxidative and reductive might be used by those microorganisms, differing in the final products obtained. In
relation to the reductive processes, two pathways might occur. The first one involves the
mercury resistance operon (mer) whereas the second one involves sulfide ions; however,
the former is considered to be the most common pathway. Regarding the mer operon,
some bacteria only carry on a narrow-spectrum operon (merA), being only able to reduce
inorganic mercury (Hg(II)) to elemental mercury (Hg0). On the other hand, others beyond
this operon also carry on a broad-spectrum operon (merB). These microorganisms are
able to decompose methylmercury to Hg0.
Taking into account all of these processes, in the present work the most referred
methylation and demethylation mechanisms found in aquatic environments are discussed,
as well as the environmental factors that influence them. Factors related with the
inorganic mercury/methylmercury availability and those that affect directly the activity of
methylators and demethylators are also referred. Generally, the relationships encountered
are complex and sometimes significant shifts on the microbial communities may be
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observed. These changes can alter the processes involving the mercury species, as well as
the final products obtained.
In conclusion, the abiotic factors and the type of microorganisms that are present in
the environment, including their genetic patrimony, influence significantly the presence
and the type of the mercury species. Furthermore, there are environmental factors, such
as redox conditions, sulfides and organic matter that also affect the mercury dynamic and
the equilibrium existents.

1. INTRODUCTION
The amount of mercury in the environment is much higher than the global background
level as a result of the anthropogenic activities during the 20 th century (Eckley and
Hintelmann, 2006). Mercury has been used in several industrial or agricultural applications
for ages and mercury species are stable and persistent in the natural systems. In this sense,
several harmful situations to the environment and human health have been associated to
mercury and its compounds. Methylmercury poisoning in Minamata (Japan), the organic
mercury poisoning in Iraq, the methylmercury exposure in the Amazon (Brasil) and the
elemental mercury spill in Catamarca (Peru), are examples of real situations that involved
mercury species (Gochfeld, 2003).
Mercury properties are well known and have been reported in numerous works (Weast,
1975; Andren and Nriagu, 1979; Nriagu, 1979; Filella et al., 1995; Cutnell and Johnson,
1998; Jackson, 1998; Mukherjee et al., 2004). Mercury can be found in three oxidation states:
0 (elemental), 1+ (mercurous) and 2+ (mercuric) (Andren and Nriagu, 1979; Jackson, 1998),
such as in Hg0, Hg22+ and Hg2+; however, the last form is the most common in aquatic
environments. This mercury form has strong tendency to form extremely stable coordination
complexes and organometallic compounds (Jackson, 1998). Several complexes might be
formed between mercury and different ligands. These can be sulfur (Leermakers et al., 1995;
Lobinski, 1998; Ravichandran, 2004), namely thiol groups (Carty and Malone, 1979; IPCS,
1991) and sulfides (Jackson, 1998), nitrogen (e.g. R-NH2), phosphorous or carbon (Jackson,
1998). In relation to oxygen ligands, mercury has low affinity to them (Carty and Malone,
1979).
Due to mercury affinity to ligands containing sulfur, low molecular weight thiols, i.e.
sulfhydryl containing molecules such as cysteine, are emerging as important factors in the
transport and distribution of mercury throughout the body (Rooney, 2007) due to the
phenomenon of “Molecular Mimicry” (Bridges and Zalups, 2005), whereby the bonding of
metal ions to nucleophilic groups on certain biomolecules results in the formation of organometal complexes that can behave or serve as a structural and/or functional homolog of other
endogeneous biomolecules or of the molecule to which the metal ion has bonded. When
observed with mercury, this phenomenon might cause significant injuries.

1.1. Organomercury Compounds
Organomercury compounds are the most toxic mercury species, not belonging to this
group of compounds the mercury complexes formed with organic matter originally present in
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the aquatic systems. The organomercury compounds can be divided into two groups: one in
which mercury atom is linked to an organic radical (RHgX), and another group to that
mercury is linked to two organic radicals (R2Hg) (Benes and Havlík, 1979).
The compounds that belong to the first group are soluble in water, dissociating in the R+
Hg cation and X- anion, being the most common the Cl-, OH-, NO3- and SO42- anions (Benes
and Havlík, 1979). Depending on anion nature, the compounds obtained will have different
properties. Poorly coordinating anions, such as ClO4-, NO3-, PF6- and BF4- anions confer an
ionic character to RHg+X- salt (Carty and Malone, 1979), and are correspondingly more
hydrophilic (Jackson, 1998), while Cl-, Br- and I- anions confer on a linear covalent character
(C-Hg-X) (Carty and Malone, 1979), being these methylmercury halides among the more
lipophilic methylmercury species (Jackson, 1998).
The second group includes compounds such as dimethylmercury and diphenylmercury
(Benes and Havlík, 1979). These compounds are volatile, non polar and have low solubility in
water (Benes and Havlík, 1979; Carty and Malone, 1979; Jackson, 1998), not being affected
by air, and weak acids and bases (Andren and Nriagu, 1979). These properties might be due
to their covalent bonds (Benes and Havlík, 1979; Carty and Malone, 1979; Jackson, 1998).
Both groups of organomercury compounds - RHgX and R2Hg - are broad-spectrum
biocidal agents acting via diverse mechanisms in biological systems. Organomercurials are
supposed to induce membrane associated oxidative stress in living organisms through
different mechanisms, including the enhancement of the lipid peroxidation and intracellular
generation of reactive oxygen species (ROS) (Milaeva, 2006).
Methylmercury is the most common organomercury compound found in aquatic
environments. It is also one of the most hazardous mercury species, due to its high stability in
combination with its lipid solubility, leading to a high ability to penetrate membranes in
living organisms (Beijer and Jernelöv, 1979). Methylmercury is of particular public health
concern due to its bioaccumulation and biomagnification within the aquatic food web (Wiener
et al., 2002; Orihel et al., 2007; Coelho et al., 2008). In terms of the biomagnification factor
that corresponds to the concentration increase for each trophic transfer it is about two- to fivefold for various aquatic ecosystems and to all typical trophic levels, being an order of
magnitude higher than the one for inorganic mercury (Meili, 1997).
Although most of mercury emitted to the environment is in inorganic form, nowadays it
is well-known that inorganic mercury can be naturally methylated in the environmental
ecosystems being it transformed into methylmercury. Since 60-70’s, several methylation
mechanisms are known. In the aquatic environment, methylmercury can be formed by two
general pathways: chemical methylation (abiotic processes) and microbial metabolism (biotic
processes) (Celo et al., 2006). On the other hand, methylmercury can be decomposed
abiotically, as for example, by light (Jackson, 1998), or biotically, by various free-living
demethylating microorganisms (IPCS, 1990; Ebinghaus and Wilken, 1996). As both
processes might occur simultaneously, methylmercury presence in the aquatic environments
depends on the existing balance of methylation versus demethylation.
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2. MERCURY METHYLATION/DEMETHYLATION PROCESSES
The knowledge of the efficiency of the different pathways of mercury methylation and
demethylation is one of the key steps to predict methylmercury concentrations in the different
environmental compartments and to estimate the mercury bioaccessibility to the organisms.
However, the factors that influence the competing methylation and demethylation reactions
are yet insufficiently understood and little to no attempt has been made to determine end
products. The relative importance of each reaction and the resulting net effect will probably
depend on the environmental conditions and biological factors with spatial and temporal
variations (Hintelmann et al., 2000).
In this sense, it is important to consider that the net amount of biologically available
methylmercury is a function of the processes that regulate its formation, degradation and
exchanges between compartments. So, methylation and demethylation are two important
processes regulating the mercury cycle in natural environments (Rodríguez MartínDoimeadios et al., 2004; Monperrus et al., 2007a) and they can be driven by both biotic and
abiotic mechanisms.
The biogeochemical cycle of mercury has been extensively studied whereas the
mechanism of natural mercury methylation in the environment is not still clear. If
methylmercury production, for example, is the most significant process that is occurring in
the aquatic environment, hazardous effects on living organisms may occur due to
methylmercury presence and its related high toxicity. Microbial methylation (biotic
processes) is widely accepted as the main conversion mechanism of inorganic mercury into
methylmercury in natural environment (Barkay et al., 2003; Eckley and Hintelmann, 2006;
Monperrus et al., 2007b; Raposo et al., 2008). Nevertheless, the relative importance of
mercury chemical methylation (abiotic processes) is ambiguous. Some authors emphasize that
the abiotic pathway is possible in natural environments but it appears to play a minor role
(Ullrich et al., 2001; Benoit et al., 2003; Gårdfeldt et al., 2003; Eckley and Hintelmann,
2006; Dominique et al., 2007; Monperrus et al., 2007b), especially photochemical
methylation (Dominique et al., 2007). On the other hand, other authors suggest that the biotic
processes can not account for all the methylmercury formed naturally (Celo et al., 2006).
If demethylation of methylmercury is occurring in a significant extent, this is
advantageous; however, in some situations the substrate of mercury methylation might be
formed, inducing in this way the methylmercury formation. On the other hand, the
demethylation process that occurs in the aquatic environments depends also on abiotic and
biotic factors. Generally, the existent relationships are quite complex and variable.
Nevertheless, in the following sections the most common mercury methylation and
demethylation processes found on the environment, as well as the environmental factors that
influence these, will be discussed.

2.1. Mercury Methylation Processes
2.1.1. Chemical Methylation – Abiotic Processes
In the case of the abiotic pathway, mercury methylation is possible only in the presence
of a suitable methyl donor (Ullrich et al., 2001; Celo et al., 2006). Moreover, this process
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may be photochemically induced. The latter reaction mechanism is likely little relevant, since
the methyl radicals produced photochemically will be rapidly scavenged by oxygen
(Gårdfeldt et al., 2003). Potential methylating agents for abiotic methylmercury formation in
natural environments include small organic molecules, such as methyliodide and
dimethylsulfide (Celo et al., 2006), and larger organic components of dissolved organic
matter, such as fulvic and humic acids (Ullrich et al., 2001; Celo et al., 2006).
Transmethylation reactions involving organometallic complexes like methylcobalamin,
methyllead or methyltin compounds have also been considered as possible pathways for
chemical mercury methylation. Transmethylation reactions can occur as a result of the
transference of carbocationic Me+, carbanionic Me- or radical Me·, depending on the chemical
properties of the metal component of the methylating agent (Celo et al., 2006). Therefore, a
large variety of chemical variables may influence the methylation process (Celo et al., 2006).
Methyliodide (MeI) plays an important role in the biogeochemical cycle of mercury in
the marine environment as being it an effective solubilizing agent for mercury sulfides
(Minganti et al., 2007). MeI is mainly produced in the marine environment by algae and
plankton whereas its dispersion by human activity can be overlooked. So, this compound is
present at relatively high concentrations in areas where biomass productivity is high. MeI has
not the ability to directly methylate oxidized mercury (Hg2+) if methyltin and methyllead
species, acting as transferring agents for the methyl group from MeI to mercury, are not
present in the medium (Minganti et al., 2007). Hence, the reaction mechanism corresponds to
the Hg2+-assisted hydrolysis of MeI, resulting in quantitative formation of methanol (Celo,
2003; Celo and Scott, 2005) (Hg2+ + 2 MeI + 2 H2O
HgI2 + 2 MeOH + 2 H+). The
methylation reaction for mercury requires reducing/anaerobic conditions as MeI only
methylates reduced forms of metals. Therefore, the oxidative addition (Hg 0 + MeI
MeHgI)
is presumably the methylation mechanism evolved (Celo et al., 2006). In the presence of 200
ng/L MeI, methylmercury formation could therefore be as high as 0.2 pg/L/year (Celo et al.,
2006).
Humic matter contains different kinds of functional groups and, besides the linkage of
oxidized mercury to thiol groups, it has most likely an additional complexation to
neighbouring carboxylic groups. Taking into account that organic acids with methyl groups in
the α-position show high methylation efficiency for mercury (Falter, 1999a,b), humic matter
is the most promising environmental methylating agent as consequence of its high
concentration in waters and sediments and of its association with the solubility and thus
mobility of mercury in freshwaters and marine waters. Only three humic substances, namely
2,6-di-tert-butyl-4-methylphenol (BHT), p-xylene and mesitylene, have the ability to
methylate inorganic mercury at pH 3.5 but only at temperatures exceeding 37 °C. At pH 7,
only BHT produces methylmercury. In terms of fulvic acids, all of them are able to methylate
inorganic mercury but the lower molecular weight compounds (M.W. 200) are the most
active ones.
Methylcobalt (III) compounds like methylcobalamin are considered potential mercury
methylators because their ability for the transference of a methyl group to free Hg 2+.
Although some authors propose a reaction mechanism based on the enzymatic transference of
methyl radicals from methylcobalamin to Hg2+ via sulfate-reducing bacteria (Barkay et al.,
2003), others reivindicate that the reaction takes place in the absence of biological activity
(Celo et al., 2006; Chen et al., 2007). In the latter case, inorganic mercury acts as an
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electrophile to attack methylcobalamin with the subsequent transference of a methyl
carbanion to the most oxidized mercury specie (MeCo(dmg) 2H2O + Hg2+ + H2O
Co(dmg)2(H2O)2+ + MeHg+; dmg = dimethylglyoximate). In spite of this, methylcobalamin
readily methylates Hg2+ in non-environmental matrices but it is unlikely in the aquatic
environment because its low abundance.
The reaction products of methylcobalamin and Hg2+ are methylmercury and
dimethylmercury. The first specie to be formed is methylmercury, the first methylation rate
being two times faster than the second one. Chen et al. (2007) also studied inorganic mercury
methylation by methylcobalamin in aquatic systems and identified methylmercury as the
reaction product. On the other hand, kinetic experiments showed that the methylation reaction
is fast but the salinity and pH modify the electron density of the methyl donor and the
electrophilicity of metal ion in the reaction system, which affects to methylmercury formation
(Chen et al., 2007). So, the reaction rate is 0.00612 and 0.000287 min-1 for pH 5.0 and 1.5,
respectively (Chen et al., 2007). Celo et al. (2006) refer that the most favourable
environmental conditions to mercury methylation by methylcobalamin are acidic pH, high
ionic strength and low chloride concentration that are more usually present in fresh waters.
Furthermore, they found that methylcobalamin is unlikely to methlylate in moderate or highly
saline environments because it is apparently unreactive towards chloride complexes of Hg 2+
(Celo et al., 2006). Nevertheless, there are controversies and other authors have also reported
that the inorganic mercury methylation by methylcobalamin is possible even in highly saline
solutions, which emphasizes its importance in aquatic environments (Chen et al., 2007).
Organotin compounds, particularly methyltin species, are suitable methyl donors and
their role in abiotic mercury methylation has been evidenced in the aquatic environment
(Rosenkranz et al., 1997). Furthermore, methyltin compounds have been frequently detected
in all the environmental compartments of the aquatic system. The favourable conditions for
the transmethylation reaction among methyltin compounds and Hg2+ (MenSn (IV) + Hg (II)
Men-1Sn(IV) + MeHg (II)) include alkaline pH and the presence of high amounts of
chloride (Celo et al., 2006). Therefore, the greater contribution of this methylation
mechanism occurs in seawaters than in freshwaters. Furthermore, organotin compounds are
efficient methylators of inorganic mercury only at pH values higher than 6. It can be due to
methyltin cations (aqua complexes) are unreactive, while neutral methyltin hydroxide
complexes are reactive. Within methyltin compounds, MeSn(OH)3 is the most reactive specie
and Me3SnOH is the least one to transfer methyl groups to Hg 2+. A transition state involving
simultaneous methyl transfer from Sn4+ to Hg2+ and chloride transfer from Hg2+ to Sn4+ is
suggested. Celo et al. (2006) estimate that the mercury methylation rate is 0.5 pg/L/day for
typical environmental concentrations of monomethyltin (~ 1200 ng Sn/L) and Hg2+ (~ 1 ng/L)
under pH and temperature values appropriate for seawaters (8 and 20 ºC, respectively).
Evidence that methyllead compounds may also methylate mercury exists (Ebinghaus and
Wilken, 1996; Rosenkranz et al., 1997), being methylmercury produced by transmethylation.
The artifactual formation of methylmercury when acetic acid is used as an analytical
chemical for mercury speciation has been reported (Falter, 1999a,b). Gårdfeldt et al. (2003)
investigated the mechanism and kinetics of the methylmercury formation from a solution
containing Hg2+ and acetic acid. The reaction occurs via mercury acetate complexes [(Hg
(CH3COO)n)2-n
CH3Hg+ + CO2 + (n-1) ((CH3COO)n)-; n = 1-4]. Since the dominant
mercury complexes vary with pH, the reaction rate is dependent on this one. Although there
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are controversies in the effect of sunlight or UV radiation on the net rate of methylmercury
formation, it is not significantly enhanced by photolysis when methylmercury
photodegradation is also considered. Gårdfeldt et al. (2003) estimate a maximum
methylmercury formation rate of 6.5 pg/dm3/h for 1.5×10−4 M acetic acid and 10 −10 M Hg2+ at
pH 3.6. The main parameter limiting the mercury methylation rate via this reaction
mechanism is the presence of other ligands, which may compete with acetate for mercury
complexation, e.g. chloride, oxalate and sulfide. Recently, the minimal predicted
complexation of inorganic mercury by acetate suggests that the methylation is unlikely to
account for the methylmercury found in rainwater, or that the mechanism of this reaction in
the atmosphere differs from that previously reported (Conaway et al., 2010).

2.1.2. Biotic Processes
Several microorganisms are able to methylate mercury, such as some sulfate-reducing
bacteria (Berman et al., 1990; Rodríguez Martín-Doimeadios et al., 2004; Sunderland et al.,
2006; Dias et al., 2008; Duran et al., 2008; Holloway et al., 2009), iron-reducing bacteria
(Holloway et al., 2009), sulfide and sulfur-oxidizers (Rodríguez Martín-Doimeadios et al.,
2004), among others (Rodríguez Martín-Doimeadios et al., 2004). Nevertheless, the first have
been identified as the dominant methylators in the aquatic environments.
Some studies involving mercury methylators have been done in order to get insight on the
pathway of carbon and on the nature of methyl donors used. Several pathways have been
proposed but one of the most studied and well understood is the referred to the Desulfovibrio
desulfuricans (Berman et al., 1990; Choi et al., 1994a). The most likely source of the methyl
group seems to be the C-3 of serine. This compound is the principal methyl donor to
tetrahydrofolate and is formed during the carbon flow from the pyruvate. The proposed
pathway is represented briefly in Figure 1 and was adapted from the works performed by
Berman et al. (1990) and Choi et al. (1994a).
Pyruvate

CH3 – CO - COOH

HOCH2 – CH(NH2) - COOH

Serine

Serine hydroxymethyl
transferase

5,10-methylene tetrahydrofolate

5-methyltetrahydrofolate

5,10 – CH2 – THF

HCH-(NH2)-COOH Glycine

5 – CH3 – THF
Methyltransferase I

Methyl-corrinoid protein

CH3 – Co – Protein
Methyltransferase II

Monomethylmercury

CH3 – Hg+

Figure 1. Proposed pathway for methylation of mercury in Desulfovibrio desulfuricans.

Figure 1 – Proposed pathway for methylation of mercury in Desulfovibrio desulfuricans.
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In more detail, when performing incubations with radiocarbon of C-1-labeled pyruvate,
C-3-labeled pyruvate and C-3-labeled serine, the last specie was incorporated into
methylmercury with 95% preservation of specific activity, a much higher percentage than
those obtained with the other labeled substrates (11 and 21%, respectively) (Berman et al.,
1990). These results indicated that the methyl group is probably donated as C-3 of serine to
tetrahydrofolate by the action of the enzyme serine hydroxymethyl transferase (Berman et al.,
1990; Choi et al., 1994b). After that, tatrahydrofolate transfers the methyl group to cobalamin
(vitamin B12) or a closely related methyl carrier, such as a corrinoid protein, that finally
transfers the methyl group to mercuric ions (Berman et al., 1990; Choi and Bartha, 1993;
Choi et al., 1994a). Nevertheless, it has been reported that methylcobalamin is able to
methylate spontaneously inorganic mercury (Choi and Bartha, 1993) as referred in the
previous section. These observations raised the question of how mercury methylation process
occurs in vivo. In fact the role of methylcobalamin in the methylation of inorganic mercury in
organisms, as well as, its ability of methylating spontaneously mercuric ions, has been readily
demonstrated. Therefore, it was necessary to verify if the principal source of methylmercury
determined in vivo was due to spontaneous transmethylation or to an enzymatically catalyzed
process. Choi et al. (1994a) proved clearly that inorganic mercury methylation occurring in
vivo is an enzymatically catalyzed process, rather than a spontaneous transfer of methyl group
from methylcobalamin, after observation of saturation kinetics and of the higher rate of
inorganic mercury methylation (at pH 7.0) by cell extracts of Desulfovibrio desulfuricans,
when compared with transmethylation by free methylcobalamin. Therefore, in these processes
two methyltransferases seem to be involved (Choi et al., 1994a). Latter on Choi et al. (1994b)
have further proposed that methyl group may also originate from formate via the acetyl-CoA
synthase pathway.
In biological systems, beyond methylcorrinoid derivatives (such as, methylcobalamin),
there are two possible other microbial methylating agents: S-adenosylmethionine (SAM) and
5-methyltetrahydrofolate (5-MTHF). Nevertheless, Gadd (1993) refers that the major
methylating agent involved in mercury methylation is the methylcobalamin.
Due to the important role of the enzymes mentioned before, sometimes it might be
difficult to differentiate between biotic and abiotic methylation because it has been suggested
that the formation of abiotic methylmercury may result from dead communities of bacteria
that can continue to methylate mercury by releasing enzymes (Eckley and Hintelmann, 2006).
Thus, these enzymes seem to have potential to promote extracellular methylation (Eckley and
Hintelmann, 2006).
Regarding culture conditions, these also play an important role on methylmercury
synthesis. It has been reported, for example, that Desulfovibrio desulfuricans produced more
methylmercury under fermentative than under sulfate-reducing conditions (Choi and Bartha,
1993).
i. Environmental Factors that Affect Mercury Biotic Methylation
As biotic methylmercury production is related to microorganism’s activity, it will depend
on several factors. It must always be remembered that the factors that affect mercury
methylation can be separated into those that affect the activity of mercury methylating
bacteria and those that affect the bioavailability of mercury to the methylating organisms. The
relative importance of these factors is generally difficult to assess.
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In relation to the first type of factors, Holloway et al. (2009), for example, observed that
the soil type influenced more the soil microbial communities than season, when they studied
the spatial and seasonal variations in mercury methylation in soils collected in a historic
mercury mining area in Yolo County (California). Soil moisture is another factor that might
have an important role. When it increases, water-saturated micropores in soils also increase,
being induced the reduced environment required by both sulfate- and iron-reducing bacteria
(Holloway et al., 2009) that might promote mercury methylation. Owing to this, strong
correlations between soil moisture and methylmercury concentrations are sometimes
encountered (Holloway et al., 2009). Nutrients are also required by microorganisms and when
there is a shift in these compounds concentrations, variations in soil microbial communities
are driven (Holloway et al., 2009). Nutrients might be also the reason why higher methylation
rates are generally determined in sediments than in water column. This might be due to the
highest nutrient and carbon contents of sediments (Eckley and Hintelmann, 2006), leading to
more prolific bacteria populations, including mercury methylators. Sediment temperature also
affects the activity of the microbial community present and so mercury methylation might
vary seasonally (Raposo et al., 2008). Methylation is generally increased with temperature, as
stated for sediments collected in Lavaca Bay (Texas) (Bloom et al., 1999), Gulf of Trieste
(Hines et al., 2006), Hudson River (Heyes et al., 2006) and New York/New Jersey Harbor
(Hammerschmidt et al., 2008); however, methylation might be quite active in Winter (Hines
et al., 2006).
Since sulfate-reducing bacteria appear to be the primary mercury methylators in
sediments and they are able to reduce sulfate to sulfide (Eckley and Hintelmann, 2006), it is
common to find out similar depth distributions for mercury methylation activity and sulfide
(Hines et al., 2006). Also, an increase in methylmercury concentrations are generally
associated with increasing sulfate concentrations (Muresan et al., 2007; Holloway et al.,
2009). Nevertheless, both the availability of sulfate and the presence of high quality carbon
(electron donor) in organic matter are the two major variables affecting sulfate-reducing
bacteria populations and activities (Heyes et al., 2006) and thus mercury methylation
(Mitchell et al., 2008).
As already mentioned, other factors, such as, sulfide and organic matter, affect the
bioavailability of mercury to the methylating organisms. The substrate for mercury
methylation in sediments, for example, is the inorganic mercury present in pore waters, whose
bioavailability for methylating bacteria tends to decrease as sulfide concentrations increase,
since dissolved mercury tends to form non-neutral complexes with sulfur (Benoit et al., 1999;
Hines et al., 2006; Lambertsson and Nilsson, 2006). At low sulfide concentrations, neutral
HgS complexes in pore waters tend to dominate (Lambertsson and Nilsson, 2006). These
species can diffuse through bacterial membranes and can be methylated to methylmercury
(Hines et al., 2006). On contrary, as dissolved sulfide concentrations increase, these species
are replaced by non-neutral complexes, which are not able to pass through the bacterial
membranes. Several studies (Heyes et al., 2006; Lambertsson and Nilsson, 2006; Muresan et
al., 2007; Hammerschmidt et al., 2008) propose the existence of these processes in natural
environments, after considering the methylmercury formation rates and the mercury and
sulfide pore waters concentrations; however, some exceptions have been reported. Sunderland
et al. (2006), for example, verified an increase in methylmercury percentage in high sulfide
sediments containing high levels of dissolved organic carbon. This might result of the
formation of bioavailable Hg(II) complexes that contains both sulfur and dissolved organic
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carbon (Sunderland et al., 2006). Taking into account the important role that sulfate-reducing
bacteria, as well as, the sulfide content have on mercury methylation, the relationship between
mercury methylation and sulfate/sulfide chemistry is complex (Eckley and Hintelmann,
2006). While sulfate controls microbial activity, sulfide controls mercury speciation.
Organic matter is another important factor that influences methylation because it acts as a
terminal electron acceptor and as a carbon source to microorganisms; however, the
relationship between dissolved organic matter and mercury methylation is more complex than
this. On one hand, dissolved organic carbon has been shown to increase mercury methylation
by stimulating microbial activity. On the other, mercury bioavailability might change. It has
been suggested in some works that, for example, impoundments cause increases in
methylmercury concentrations by creating organic-rich anoxic deposits conducive to mercury
methylation (Hines et al., 2000). In fact, the microbial community uses the organic carbon
pool to build new cells and to include CH3 that combines with inorganic mercury to form
methylmercury. Add to this, high contents of organic matter in the sediment are a prerequisite
for maintaining low redox potentials while supplies of “high-quality” organic matter,
providing electron donors for the sulfate-reducing bacteria (Lambertsson and Nilsson, 2006).
Nevertheless, organic matter also provides complexing agents for Hg2+ (Ravichandran, 2004;
Eckley and Hintelmann, 2006) and methylmercury (Cai et al., 1999; Ravichandran, 2004),
thus influencing both the total sediment and water column concentrations and the partitioning
between solid and dissolved phases (Lambertsson and Nilsson, 2006; Sunderland et al.,
2006). When organic matter complexes the inorganic mercury, this specie becomes less
biologically available for methylation because dissolved organic carbon molecules are
generally too large to cross the cell membranes of the bacteria (Ravichandran, 2004). Besides,
dissolved organic carbon-mediated reduction of inorganic mercury to the volatile Hg0 species
would also reduce the bioavailability of mercury for methylation and subsequent biological
uptake (Ravichandran, 2004). Another fact to be considered is that the measurement of total
organic matter content might have little relevance in terms of the concentration of organic
substrate required really by mercury methylating organisms. These require some specific
compounds, such as acetate, and not the total pool (Heyes et al., 2006; Drott et al., 2008b).
Moreover, the type of the organic matter present is another important factor that influences
mercury methylation because as hypothesized by Ravichandran (2004) when organic matter
is largely labile and readily biodegradable, it may promote methylation by stimulating
microbial growth and when the organic matter is relatively recalcitrant and consists of high
molecular weight humic and fulvic acids, the abiotic methylation may be favored.
Organic matter also affects the redox potential of the sediments (Sunderland et al., 2006).
A high content of organic matter in the sediment promotes heterotrophic microbial activity,
which consumes oxygen and lowers the redox potential close to the sediment surface
(Lambertsson and Nilsson, 2006). On the other hand, the lower the organic matter in the
sediment the deeper can oxygen and other competing electron acceptors (mainly manganese
and iron) penetrate before being depleted by heterotrophic microbial activity (Lambertsson
and Nilsson, 2006).
It must also be referred that not always a positive correlation between total mercury and
methylmercury is observed in soils (Holloway et al., 2009) and sediments (Heyes et al., 2006;
Lambertsson and Nilsson, 2006). Several hypotheses have been formulated in order to explain
these results. One of the possibilities is the occurrence of microbial growth inhibition due to
the high mercury concentrations, leading to the inhibition of the biotic mercury methylation
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(Holloway et al., 2009). The other is linked to geochemical factors as insufficient supply of
new organic matter and inadequate redox conditions that also not favor the mercury
methylation (Lambertsson and Nilsson, 2006). As already mentioned, for example, a high
organic content in sediment maintains a low redox potential, which is a prerequisite for
sulfate reduction (performed by sulfate-reducing bacteria) and concomitant mercury
methylation (Lambertsson and Nilsson, 2006). In spite of this, in sediments with high organic
content the redox potential required for sulfate reduction can be maintained closer to the
sediment surface (Lambertsson and Nilsson, 2006). In sediments with lower organic contents,
mercury methylation occurs deeper in the sediment (Lambertsson and Nilsson, 2006).

2.2. Mercury Demethylation Processes
2.2.1. Chemical Demethylation – Abiotic Processes
The photolytic decomposition of methylmercury remains the only abiotic demethylation
mechanism that is significant in surface waters exposed to sunlight (Sellers et al., 1996;
Gårdfeldt et al., 2001; Chen et al., 2003; Hammerschmidt and Fitzgerald, 2006; Monperrus et
al., 2007a). However, the overall impact on the aquatic Hg cycle is still unclear and the end
products of the methylmercury degradation have not been clearly identified yet.
Hammerschmidt and Fitzgerald (2006) demonstrate that the methylmercury decomposition in
surface waters is an exclusively abiotic and sunlight-induced process. Monperrus et al.
(2007b) estimate demethylation rates of methylmercury in coastal and marine waters (6.4–
24.5 % day− 1) and suggest that an important part of the demethylation is mostly driven by
sunlight because those rates decrease severely under dark conditions. Monperrus et al.
(2007b) and Whalin et al. (2007) refer that, in coastal and marine surface waters, although
methylmercury is mainly photochemically degraded, the demethylation yields observed under
dark conditions may be attributed to microbial mediated pathways. Furthermore, higher
demethylation potentials are predicted in marine surface waters in comparison with the water
masses located deeper in the euphotic zone as the methylmercury degradation is inhibited
under dark conditions. In sediments, the abiotic mechanism is also more conductive to the
environmental methylmercury decomposition than the biotic one (Rodríguez MartínDoimeadios et al., 2004).
Hammerschmidt and Fitzgerald (2006) demonstrated that the rate of the methylmercury
degradation is positively correlated with the intensity of photosynthetically active radiation
(PAR) at a 0.75-6 m depth in the water column. Nevertheless, methylmercury can be
degraded more rapidly at lower depths due to the additional influence of the ultraviolet (UV)
light. In this sense, other authors suggested that the methylmercury photodecomposition is
largely limited to the upper 0.5-1 m layer of surface waters, which is consistent with the
penetration of the UV light in the water column (Krabbenhoft et al., 2002). Moreover,
Lehnherr and Vincent (2009) attribute the most important driver of the methylmercury
photodecomposition to the UV radiation in freshwaters because wavelengths in the visible
spectrum degrade methylmercury at a much slower rate than the former. However, they also
recognize that the visible light plays an important role in deepening waters as it is attenuated
much less rapidly than the UV radiation. Therefore, the modeling of the methylmercury
photodecomposition requires the mechanistic knowledge of the role of the UV radiation
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versus visible light, since wavelengths in both UV and visible regions of the solar spectrum
are attenuated at very different rates in the water column of freshwaters.
It is important to take into account that photodecomposition rates are comparable among
several lakes with widely varying water chemistry. It suggests that the kinetics of the
methylmercury photodecomposition is not influenced by environmental factors apart from
those affecting the light intensity and methylmercury concentration in natural surface waters
(Sellers et al., 1996; Hammerschmidt and Fitzgerald, 2006).
Since methylmercury cannot absorb sunlight wavelengths at all and thus the direct
photodegradation cannot occur, the only possible mechanism is the indirect photolysis
involving the photochemical formation of aqueous free radicals in sunlit natural waters. Chen
et al. (2003) investigated the kinetics and mechanism of the methylmercury photodegradation
mediated by hydroxyl radicals. They used the nitrate photolysis from 285 to 800 nm as the
hydroxyl radical source. The products identified were Hg2+, Hg0, chloroform and
formaldehyde, the main aqueous product being divalent mercury. The effects of chloride
concentration and methylmercury speciation have also been investigated. The presence of
chloride can lead to a higher methylmercury degradation rate that can be attributed to the
chlorine radicals produced during the aqueous oxidation of chloride by hydroxyl radicals. The
chlorine radicals formed may also attack the C–Hg bond and lead to an enhanced
methylmercury degradation. Although the pH value does not significantly affect the
degradation rate constant for reactions induced by hydroxyl radicals, a small decrease in the
degradation rate is observed when the pH value increases from 5 to 8.5. It seems to be due to
an increase in the relative concentration of methylmercury hydroxide, whose degradation rate
is lower than that of methylmercury chloride. The two mechanisms proposed for the
methylmercury degradation by hydroxyl radicals are both the dissociation of CH 3 group
(CH3HgCl+.OH→ CH3+HgOHCl)
and
the
dissociation
of
HgCl
.
(CH3HgCl+ OH→CH3OH+ HgCl) to form HgOHCl or other divalent mercury products. So,
the Hg–C bond is attacked by the electronically excited hydroxyl radicals. Based on the
typical concentration of hydroxyl radicals in natural waters, the methylmercury degradation
rate was calculated. It ranges from 0.008 to 3.204 ng L−1 d−1 assuming a methylmercury
concentration of 0.9 ng L−1 in natural waters, except for seawaters due to their lower OH
radical concentration. The methylmercury photodegradation mediated by hydroxyl radicals
may be one of the most important pathways in sunlit surface waters.
Other possible mechanisms of indirect photodegradation could involve the singlet oxygen
mediated pathway or the organic peroxy radical mediated pathway. However, no laboratory
data is available to assess the importance of these reactions for the methylmercury
decomposition.
As above mentioned, the methylmercury photodecomposition occurs via indirect
photolysis and, therefore, it requires the presence of a photosensitizing species such as nitrate
or dissolved organic matter (Chen et al., 2003). Several studies have shown that this reaction
is enhanced in the presence of organic compounds (Sellers et al., 1996; Gårdfeldt et al.,
2001). Lehnherr and Vincent (2009) showed that the contribution of the UV radiation to the
methylmercury degradation is greater in high dissolved organic matter waters (76 %) than in
low ones (54 %) where the visible light acquires a similar role (46 %). Within UV radiation,
the region A (320-400 nm) is a more important driver of the methylmercury
photodecomposition than the region B (280-320 nm). On the other hand, the
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photosensitization of dissolved organic matter by wavelengths in the PAR spectrum appears
to be an important factor influencing the methylmercury photodecomposition in not very
surface photic zones (Hammerschmidt and Fitzgerald, 2006). However, the demethylation
mechanism of methylmercury by PAR (400-700 nm) still remains unknown.
The chemical methylmercury demethylation mediated by selenoamino acids via a
bis(methylmercuric)selenide intermediate has been suggested, which is readily degraded to
mercury selenide and dimethylmercury (Khan and Wang, 2010). The latter one is then
decomposed further to methylmercury. This demethylation reaction can occur in vivo. In the
aquatic environment, although there has been no report on the concentrations of selenoamino
acids in natural waters, their sulfur counterparts have been reported in surface and sediment
pore waters. Similarly, the sulfur-aided demethylation pathway gives mercury sulfide as
ultimate reaction product.

2.2.2. Biotic Processes
Microorganisms in contaminated environments have developed resistance to mercury and
play a major role in natural decontamination. Mercury resistance occurs widely on Gram
negative and Gram positive bacteria, in environmental (Chatziefthimiou et al., 2007; Ramond
et al., 2008), clinical (Soge et al., 2008) and industrial isolates. On contrary to mercury
methylation that seems to be restricted to a subset of bacteria, mercury demethylation appears
to be a process that is more widely spread. Research works on molecular biology shows that
methylmercury degradation performed by microorganisms generally proceeds through two
distinct vias (Hines et al., 2006), oxidative and reductive, being the last one mainly linked to
the mercury resistance (mer) operon. Both biotic pathways for methylmercury degradation are
encountered in the environment and will be further discussed in the following sections.
i. Reductive Methylmercury Degradation
The reductive methylmercury degradation might occur through two pathways, one
involving the mer operon and other that does not; however, the former process is the most
studied and considered to be the most common.
When microorganisms use the reductive pathway via mer operon to perform
methylmercury degradation, two stages are involved which are catalyzed by two enzymes.
The mer-mediated methylmercury degradation pathway may be represented easily by:

R-Hg
Lyase
(merB)

Hg(II)

Hg0
Reductase
(merA)

In general terms, the organomercurial lyase breaks the carbon-mercury bond in toxic
substrates, such as methylmercury and phenylmercury, being released methane or benzene,
respectively, and inorganic mercury (Hg(II)), which is subsequently reduced to Hg0 by the
action of the mercuric reductase.
Based on the organization of mer operon genes, two modes of mercury resistance are
encountered in bacteria (Hines et al., 2006): narrow-spectrum resistance and broad-spectrum
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resistance. In the first, Hg(II) is reduced to the less toxic, inert and volatile elemental form
(Hg0), by the action of the mercuric reductase (MerA). On contrary, in broad-spectrum
resistance, both organic and inorganic mercury will be remediated due to the presence of a
merB gene that encodes an enzyme organomercurial lyase, beyond the presence of the
mercuric reductase.
Genes encoded by the mer operon have been reported to be located on plasmids
(Summers and Silver, 1978; Brown et al., 1986; Griffin et al., 1987; Radstrom et al., 1994;
Osborn et al., 1997; Barkay et al., 2003), chromosomes (Wang et al., 1989; Inoue et al.,
1989, 1991), transposons (Kholodi et al., 1993; Hobman et al., 1994; Liebert et al., 1997;
Mindlin et al., 2001; Ng et al., 2009), as well as on integrons (Kholodii et al., 1993; Liebert et
al., 1997). The mobile elements (plasmids, transposons and integrons) play an important role
in the dissemination of mercuric resistance throughout microbial communities (horizontal
transfer). Furthermore, these mobile elements may be occasionally combined with other
resistance determinants, promoting the spreading of these plasmids with multiple resistance
genes. It has been demonstrated that mer operon is associated to multidrug-resistance (Soge et
al., 2008, Silver and Phung, 2005, Ball et al., 2007). Moreover, it has been verified that
mercuric multiple resistant bacteria can effectively transfer the phenotype to potentially
pathogenic species (Ball et al., 2007). This proves clearly that it is of extreme importance to
study the mer operon frequency in the microorganisms present in the environment, in order to
obtain valuable data to be used in the prediction of the evolution of drug resistance.
In other hand mer operon has been used in mercury bioremediation studies, performed
with the aim to decontaminate environments with high levels of mercury. In spite of this, mer
operon has been used to modify microorganisms which become able to reduce inorganic
mercury to elemental mercury (Deng et al., 2008), and plants with the capacity of also
degrade methylmercury (Bizily et al., 2003); however, it is still necessary to perform more
studies in order to increase the efficiency. Furthermore, the role of mer operon over heavy
metals and xenobiotics detoxification has also been demonstrated (De and Ramaiah, 2007; De
et al., 2008).
ii. Organization of the Mer Operon
The mer operon(s), as well as the protein gene products found in a Gram negative
bacteria are represented in Figure 2. Generally, when a bacteria is in the presence of
methylmercury and inorganic mercury that are very toxic species to the cells, the bacteria
tries to bring quickly these species to the cytoplasm where they will be converted
enzymatically to the volatile and low-toxicity elemental form, Hg0.
Several studies show that once at the cell surface, methylmercury passes through the
cell’s outer membrane via passive diffusion in its neutral/hydrophobic form(s) (Step 1)
(Barkay et al., 2003; Kritee et al., 2009). Simmons-Willis et al. (2002), for example, suggests
that methylmercury is transported as a complex with molecules containing thiol groups (i.e.,
cysteine or glutathione); however, more studies are needed in order to better understand the
process involved. Nevertheless and considering the detailed work performed recently by
Kritee et al. (2009), it seems that the uptake rate across the bacterial membrane (V) will
always be lower than the rate of diffusion across the diffusion boundary layer (J) (Step 1’),
remaining the cell uptake limited.
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Figure 2. The products of the mer operon(s) of a Gram-negative bacteria.

The organomercury lyase (MerB), a small monomeric enzyme that cleaves the Hg-C
covalent bond (Step 2) releasing Hg(II) (the substrate of mercuric reductase) (Step 3) and
reduced organic compounds, such as methane from methyl mercury (Step 4) (Silver and
Phung, 2005), is known as key enzyme in bacterial detoxification and bioremediation of
organomercurials species.
The gene merB has been found in the mer operon located on the plasmid of some
bacteria, such as in Escherichia coli, Pseudomonas (almost 50%) and Staphylococcus aureus
with “penicillinase” plasmids (Silver and Phung, 2005). This gene is also found on the
chromosomes of methicillin-resistant S. aureus (MRSA) and of some Bacillus strains isolated
from the environment. Frequently, Gram negative bacteria have two copies of merB gene and
Bacillus has three copies.
Several merB sequences have been identified in a variety of microorganisms and most of
the merB genes are very homologous to each other; however, phylogenetic analysis revealed
that MerB is an enzyme without known homologs in prokaryotic or eukaryotic proteins
(Silver and Phung, 2005; Pitts and Summers, 2002). Furthermore, the MerB accepts a wide
range of substrates. Chien et al. (2010) investigated the substrate specificities by resistant
strains that have different merB gene(s), and observed that merB1 gene from Bacillus
Megaterium MB1 conferred the highest volatilization ability to methylmercury chloride,
ethylmercury choride and thimerosal, while merB3 conferred the faster volatilization activity
to p-chloromercuribenzoate; however, further work needs to be done in order to relate the
MerB sequences with the wide range of organomercurial substrates known. In the presence of
phenylmercury that is other organomercurial extremely toxic to the cells, this enzyme is
capable to reduce the phenyl moiety to benzene (Silver and Phung, 2005). The enzymatic
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reaction of organomercurial lyase has been studied and explained tentatively by Narita et al.
(2003), Begley and Ealick (2004) and Silver and Phung (2005), indicating the occurrence of a
proton attack on the Hg-C bond. Until now the catalytic mechanism of MerB has been
controversial. Recently, Li et al. (2010) when studying the degradation mechanism of
methylmercury by the tris(2-mercapto-1-tert-butylimidazolyl)hydroborate ([Tmt-Bu]) ligand
system, which shows a coordination environment that resembles closely the active site of the
organomercurial lyase MerB, as well as Lafrance-Vanasse et al. (2009) after performing
crystal structure studies on MerB in its free and mercury-bond forms, verified that two
conserved cysteines, namely Cys-96 and Cys-159 are essential for enzymatic activity, playing
a role in substrate binding, carbon-mercury bond cleavage, and controlled product (ionic
mercury) release. Moreover, these authors also observed that an aspartic acid (Asp-99) in the
active site plays a crucial role in the proton transfer step required for the cleavage of the
carbon-mercury bond, acting as a proton mediator. The result of this bond cleavage is the
release of methane and the retention of the ionic mercury in the active site. The way that
methylmercury is bound to MerB is still under discussion. Nevertheless, the ionic mercury
formed seems to be transferred directly to the reductase MerA (Step 3) for conversion to the
less toxic elemental mercury (Lafrance-Vanasse et al., 2009). In this manner, MerB and
MerA keep the toxic organomercurial and ionic mercury species bound at all times and thus
minimize their damaging interactions with other cellular proteins (Lafrance-Vanasse et al.,
2009). Indeed, Benison et al. (2004) proposed that the carboxyl-terminal cysteines of MerA
are involved in removing the mercuric ion directly from MerB. Hg(II) is reduced in MerA to
Hg0 by electron transfer from FAD cofactor (Step 5) (Silver and Phung, 2005) and released
(Step 6).
Mercuric reductase also reduce Hg(II) from cell outside, which is delivered into
cytoplasm by mercuric transporters. A recently developed bacterial two-hybrid protein system
showed that N-terminal region of MerA interacts with the cytoplasmatic face of mercuric
transporter MerT (Schué et al., 2007); however, in relation to mercuric reductases, diversity
among different microorganisms is observed and lies in the N-terminal of the enzyme. MerA
protein may have this N-terminal domain once or twice or lack it as for example in
Streptomyces. The N-terminal domain of mercuric reductase can be proteolytically removed
in vivo, and it appears to have little effect on overall rates of mercury reduction, suggesting
that mercuric ions can be transferred in a different way (Schué et al., 2008). In more detail,
the resistance mechanism against Hg(II) ions (narrow-spectrum resistance) is completed by a
mercury transport system. This may be formed by, for example, one (MerC), two (MerT and
MerP), or three (MerT, MerP and MerC) proteins, which deliver mercury ions inside the cell
cytoplasm where they are reduced to Hg0 (Velasco et al., 1999). Other membrane transport
proteins have been reported, such as MerF, MerE and MerH. These transport systems hinder
the toxic mercury to be free, not being able to cause damage into the cell. Studies performed
in E.coli TG2 showed that the highest rate of cellular mercury volatilisation was observed in
bacteria that expressed both MerP and MerT (Wilson et al., 2000). MerP seems to make the
system more efficient, as it acts not only as a periplasmic mercury binding protein (Step 7),
but also as a metallochaperone, delivering Hg(II) to the membrane-anchored protein MerT
(Step 8); however, MerP is not essential for Hg(II) transport (Wilson et al., 2000; Nascimento
and Chartone-Souza, 2003). Simplified schemes of some of these mercury transporters are
represented in Figure 3.
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Figure 3. Simplified schemes of the MerT, MerC, MerF and MerH mercury transporters.

MerT has three trans-membrane alfa domains. The first cysteine pair, located in the first
trans-membrane helix, receives mercury from the periplasmatic MerP. A second cysteine
pair, located in a cytoplasmic loop connecting the second and the third trans-membrane
helices, is important for optimal mercury transport, but not for the interaction with mercuric
reductase (Schué et al., 2008).
In relation to other membrane transport proteins, MerC and MerH cross the membrane
four times, unlike MerF and MerE that just cross twice. Nevertheless, it is supposed that these
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proteins function in a similar way. For acquiring further data over the structure of these
proteins we recommend the reading of the works of Wilson et al. (2000) and Silver and
Phung (2005). MerP does not make any difference to the rate of volatilization in the presence
of MerC or MerF (Wilson et al., 2000), indicating that neither of these transport proteins
interacts with MerP in vivo (Step 9). It is interesting to observe that among all of the Hg(II)
transporters only MerT presents the C-terminal in the periplasm and the N-terminal in
cytosol, while all the others present the both terminals in cytoplasm, suggesting no interaction
domain with MerP. Moreover, differences have been observed among all these Hg(II)
transporters, suggesting that they can have different specificity to different mercury species
and/or different Km’s (Wilson et al., 2000; Kyono et al., 2009; Schué et al., 2009); however,
further studies must be done in order to clarify the role of these Hg(II) transporters.
The expression of the mer operon is regulated by MerR that bind to the upstream operator
DNA regions (Step 10). The product of merR is a 144-amino acid MerR protein that represses
the transcription of mer operon in the absence of Hg(II) and induces it in the presence of
Hg(II). MerR also represses its own synthesis whether or not Hg(II) is present (Heltzel et al.,
1990). The MerR protein has a distinctive protein fold consisting of a DNA-binding helixturn-helix motif, followed by another helix-turn-helix motif that communicates between the
metal binding and DNA binding domains. Half of the C-terminal of this small protein is a 35residue leucine-zipper helix that forms the dimer interface as an anti-parallel coiled coil
giving the protein an overall shape like a twisted staple (Song et al., 2007). In Gram-negative
bacteria the regulatory merR gene is separated from the others genes by the operatorpromoter region and is transcribed in the other direction. In Gram-positive bacteria merR is
transcribed in the same direction of the other genes of the operon. MerR is an unusual
repressor that never leaves its operator that lies in a region of dyad symmetry located between
the region consensus -35 and -10, a RNA polymerase recognition site. Moreover, in the
absence of Hg(II) it captures an RNA polymerase in an inactive but stable preinitiation
complex (Lee et al., 1993). Studies of conformational dynamics of MerR after Hg(II) binding
revealed allosteric conformational change from the metal-binding site to the two DNA
binding domains leading to distortion of the operator and freeing the pre-bond RNA
polymerase to begin transcription of the structural genes (Guo et al., 2010).
In some mer operons, a second regulator gene, merD, is present and possibly is an
antagonist of merR necessary to turn off expression by binding to the same promoter-operator
region to which the Mer R protein bind (Mukhopadhyay et al., 1991) (Step 11).
Regarding the induction of the mer operon, Hg(II) and phenylmercury acetate are able to
do that (Nucifora et al., 1989); however, this has not been unequivocally demonstrated for
methylmercury. Schaefer et al. (2004) after performing a very interesting work on the role of
the MerB in controlling methylmercury accumulation in mercury-contaminated natural
waters, verified that Hg(II) induces quantitatively the expression of both merA and merB. In
this work, the bacterium Pseudomonas stutzeri OX was used. This bacterium is resistant to
inorganic and organic mercury as it carries two discrete mer operons, a narrow-spectrum
Tn501-like operon and a broad spectrum Tn5053-like operon. Another interesting point stated
by these authors was that at inducing Hg(II) concentrations higher than 2 M, merA transcript
abundance continued to increase while merB transcripts leveled off. One possible explanation
for these results is differences in transcription kinetics between merB and merA. Moreover,
merA transcripts were consistently 7- to 15-fold more abundant than merB transcripts at a
given inducing Hg(II) concentration, which may be expected as this bacteria strain contains
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two copies of merA and a single copy of merB. Similar results were achieved by Kritee et al.
(2009) when studying the strain Escherichia coli JM 109 that carries the broad spectrum mer
operon of the soil denitrifying bacterium previously referred, Pseudomonas stutzeri OX.
These authors refer that MerB has lower turnover rates (lower k cat – 0.7 to 20 min-1 – as
compared to MerA – 400 to 800 min-1 - i.e. it is less efficient in causing product formation per
unit time and therefore the rate of Hg(II) reduction per cell is much higher than the rate of
methylmercury degradation). Moreover, there is no evidence until now to suggest active
involvement of radical pairs or paramagnetic species in non-photochemical biological
reactions involving mercury, either in MerB catalysis and MerA reduction mechanism (Kritee
et al., 2009).
Recently, Kritee et al. (2009) verified that when performing experiments with a
microorganism able to perform the degradation of methylmercury by the action of the mer
operon, cell density may also have a significant role in the methylmercury degradation rates.
These authors observed that at low cell densities, methylmercury seems to be bioavailable for
diffusion and uptake into the cells, being the activity of the MerB the rate limiting. As the cell
density increases, the bioavailability of methylmercury might be decreased due to sorption of
this compound to the bacterial cell surfaces, decreasing methylmercury availability in the
cytoplasm, originating lower rates of methylmercury degradation when compared to those
obtained with lower cell densities.
Another reductive degradation pathway, a non-mer-mediated detoxification, has been
proposed. Baldi et al. (1993) reported that the sulfate reducing bacteria Desulfovibrio
desulfuricans might use an alternative anaerobic, non-mer-mediated degradation pathway,
where methylmercury reacted with microbially produced sulfide to form an unstable
dimethylmercury sulfide (MeHg)2S intermediate, which decomposes to dimethylmercury
(Me2Hg) and mercury sulfide (HgS). Dimethylmercury is then degraded to methylmercury
and methane. Thus, the production of methane from methylmercury is common to both of the
reductive demethylation pathways. Furthermore, as this non-mer-mediated degradation
pathway implies the reaction of methylmercury with sulfide, it is expected to be most
prevalent in sulfide-rich sediments. Such process has been suggested to occur in the
environment. In fact, an increase on methylmercury degradation rate has been observed when
pore-water sulfide concentrations have also increased (Marvin-Dipasquale et al., 2000).
iii. Oxidative Methylmercury Demethylation
Oxidative demethylation is another demethylation pathway of monomethylmercury found
in the environment (Oremland et al., 1991; Oremland et al., 1995; Hines et al., 2006) that has
been observed under aerobic and anaerobic conditions (Oremland et al., 1991; MarvinDipasquale and Oremland, 1998; Hines et al., 2000; Marvin-Dipasquale et al., 2000; Hines et
al., 2006). Several kinds of microorganisms have been proposed to be involved in the
process; however, the most common are sulfate reducers (Oremland et al., 1991; MarvinDipasquale and Oremland, 1998; Marvin-Dipasquale et al., 2000) and methanogens
(Oremland et al., 1991; Marvin-Dipasquale and Oremland, 1998; Marvin-Dipasquale et al.,
2000).
It seems that methylmercury is demethylated in part by biochemical pathways used for
the metabolism of one-carbon compounds, such as methanol (Oremland et al., 1991; MarvinDipasquale et al., 2000), methylamines and methyl sulfides, as the addition of this kind of
compounds has originated a substantial inhibition in methylmercury demethylation
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(Oremland et al., 1991). In oxidative demethylation, methylmercury is converted primarily to
CO2 and inorganic mercury, on contrary to the reductive degradation pathway of merdetoxification, characterized by the nearly exclusive production of methane; however, it has
been suggested that different microbial groups are capable of oxidative demethylation but
with different stoichiometric end-product CO2/CH4 ratios and/or at different rates (Oremland
et al., 1995; Marvin-Dipasquale et al., 2000). For methanogenic bacteria, for example, is
expected the production of both CO2 and CH4 during oxidative demethylation, since these are
the products of the C1 metabolism by methanogens (Oremland et al., 1995). Moreover, some
of the carbon dioxide formed by the demethylators can be fixed into acetate pools by
acetogenic bacteria (Oremland et al., 1991).
The following reactions for the oxidative demethylation pathways used by sulfate
reducers (Eq. 1) and methanogens (Eq. 2) have been proposed (Marvin-Dipasquale and
Oremland, 1998), respectively:
SO42- + CH3Hg+ + 3 H+
4 CH3Hg+ + 2 H2O + 4 H+

H2S + CO2 + Hg2+ + 2 H2O (Eq. 1)
3 CH4 + CO2 + 4 Hg2+ + 4 H2 (Eq. 2)

Considering Eq. 2, the oxidative metabolism of methylmercury during methanogenis will
yield methane and carbon dioxide at a ratio of 3:1 (Oremland et al., 1995), while CO2 will be
the only product formed under conditions of sulfate reduction or of respiration of other
anaerobic electron acceptors (Oremland et al., 1995). Nevertheless, the knowledge about
oxidative demethylation is limited and it is not certain in what form and by what mechanism
methylmercury is taken up (Drott et al., 2008a). Further studies on pore water speciation of
methylmercury must be performed.
iv. Environmental Factors that Affect Mercury Biotic Demethylation
Regarding the microbial communities found in environment, they seem to be quite well
adapted to mercury toxicity. Schaefer et al. (2004) during the study of microbial adaptation to
mercury in two natural waters collected in New Jersey, one water highly mercury
contaminated and other much less contaminated, observed that the microbial community
found in the most contaminated site was well adapted to mercury toxicity as indicated by the
enrichment of Hg(II)-resistant bacteria (2-4x103 Hg(II) resistant CFU/ml versus < 80 Hg(II)
resistant CFU/ml determined in the less contaminated site), as well as by the presence and
expression of merA genes in the microbial biomass.
Some environmental factors seem to play an important role in controlling the magnitude
and the pathway of methylmercury degradation (Marvin-Dipasquale and Oremland, 1998;
Marvin-Dipasquale et al., 2000) as they influence the microorganism’s activity. As expected,
the microorganism’s activity, for example, increases with temperature. In several studies it
has been stated that demethylation of methylmercury in sediments generally increases in
summer (Hines et al., 2006).
In relation to nitrate, for example, Marvin-Dipasquale and Oremland (1998) when
performing incubations of anaerobic sediments with [14C]MeHg observed that nitrate addition
did not stimulate methylmercury degradation, indicating that nitrate-respiring bacteria were
not directly involved in this degradation process; however, an increase in 14CO2/14CH4 ratio in
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some of the sediments was observed, suggesting nitrate inhibition on methanogenesis and
possibly on the activity of sulfate reducers (Marvin-Dipasquale and Oremland, 1998). On
contrary, addition of sulfate both increased total methylmercury degradation and increased
14
CO2/14CH4 ratios to values > 1 at all sites sampled. Similar results were reported by MarvinDipasquale et al. (2000). Thus, CO2 production from methylmercury degradation seems to be
enhanced under sulfate-reducing conditions and suggests that sulfate reducing bacteria
oxidize the methyl group of methylmercury entirely to CO 2 (Eq. 2), in a similar way that they
oxidize acetate (Eq. 3) (Marvin-Dipasquale and Oremland, 1998):
SO42- + CH3COO- + 3 H+

H2S + 2 CO2 + 2 H2O (Eq. 3)

On contrary, phosphate seems not to have any effect on methylmercury degradation
(Marvin-Dipasquale and Oremland, 1998).
Organic matter might play also an important role on the methylmercury degradation, in
the same way as mentioned before in mercury methylation. On one hand, dissolved organic
carbon might increase methylmercury demethylation by stimulating the demethylators
activity. On the other, methylmercury-organic complex formation may be occurring, thereby
decreasing methylmercury availability to bacteria (Marvin-Dipasquale et al., 2000).
Methylmercury concentration can also influence the type of bacterial community present.
In some sediments an increase of 14CO2/14CH4 ratios with methylmercury concentration has
been observed (Marvin-Dipasquale and Oremland, 1998). This fact may reflect a shift from
methanogen-dominated demethylation at the low concentrations to sulfate reducersdominated demethylation at higher concentrations (Marvin-Dipasquale and Oremland, 1998);
however, Marvin-Dipasquale and Oremland (1998) stated that above ~800 ng of
methylmercury /(g of dry sediment), the 14CO2/14CH4 ratio remained constant, suggesting that
the individual contributions of both groups to total methylmercury degradation did not varied.
In relation to sediment depth, some shifts on demethylation processes might also occur
due probably again to changes in the bacterial community present. Hines et al. (2000), for
example, when studying methylmercury demethylation in sediments in the Gulf of Trieste
observed that methylmercury was mainly demethylated oxidatively with carbon dioxide as
the primary carbon end product, indicative of the action of sulfate reducers, following Eq. 1;
however, the percentage of carbon recovered as methane increased with depth, probably due
to the enhancement in methanogens activity (Eq. 2).
Regarding the two distinct vias, oxidative and reductive, involved in the methylmercury
degradation, the recent use of isotopic labelled methylmercury in determinations of
demethylation rates allowed to find out the total mercury concentration is an important
parameter that promotes shifts on these processes. In severely mercury contaminated
environments, with total mercury concentrations in sediments around 22 to 106 nmol/g, the
reductive methylmercury degradation via the mer operon seems to dominate, while in less
contaminated environments (total mercury concentrations determined in sediments of 0.01-63
nmol/g) the oxidative demethylation is the main process (Marvin-Dipasquale et al., 2000).
Similar results were also reported by Schaefer et al. (2004) after determining the 14C-MeHg
demethylation in two natural waters collected in New Jersey. The MerB-mediated reductive
demethylation was the dominant process in the most contaminated sample whereas oxidative
demethylation process was predominant in the less contaminated water (Schaefer et al.,
2004). All of these results indicate that reductive demethylation pathway seems to be
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triggered when Hg and/or methylmercury contents surpass a determined value; however, it
still remains uncertain which threshold of Hg and/or methylmercury concentrations is
required for reductive mer-mediated demethylation to dominate.
Sediment redox potential and sometimes its conjunction with mercury concentration are
important parameters that also control the mercury demethylation processes (MarvinDipasquale et al., 2000; Schaefer et al., 2002; Rodríguez Martín-Doimeadios et al., 2004).
The reductive pathway seems to dominate in aerobic incubations or under anaerobic
incubations of highly contaminated sediments (Marvin-Dipasquale et al., 2000; Schaefer et
al., 2002). Similar results were reported by Hines et al. (2006) for Gulf of Trieste sediments.
These authors verified that demethylation was restricted to the oxidative pathway as
evidenced by the production of CO2, being only observed one exception in winter. In this
occasion, the sediment tended to harbour a deeper oxidizing region at the surface, since
oxygen consumption was slow, becoming more oxidizing and inducing the occurrence of the
reductive demethylation pathway. So that, in the surficial sediments of Gulf of Trieste an
increased contribution of reductive demethylation in winter was observed when oxidizing
conditions penetrated further into the sediment (Hines et al., 2006).
Another important aspect that must be referred is the inverse relationship that sometimes
is observed between the proportion of total mercury present as methylmercury and the
concentration of total mercury, known as “mercury accumulation paradox” (Schaefer et al.,
2004). This phenomenon might be due to the higher number of mercury resistant bacteria
found in these mercury contaminated environments, to the existence and expression of mer
genes in those organisms and to the occurrence of MerB-mediated reductive demethylation.
All these factors will lead to a decrease in methylmercury concentration, even high total
mercury concentrations are found. Nevertheless, alternative explanations for these results
exist, such as enhanced methylation in less contaminated sites due, for example, to the water
acidification that can stimulates Hg(II) transport into bacterial cells. This will lead to an
increase on methylation rates and so higher methylmercury concentrations may be found in
less mercury contaminated environments.
Moreover, the reductive and oxidative methylmercury degradation processes should be
regard with great care. The effect of Mer-B mediated methylmercury degradation and the
immediate reduction of Hg(II) to Hg0 by MerA, corresponds to a net loss of mercury from the
system via the volatilization of Hg0 (Schaefer et al., 2004). On the other hand, the end product
of the oxidative demethylation is thought to be Hg(II) that is the substrate for methylation. In
spite of this, methylmercury might be produced and its concentration increases, resulting in
higher toxicity.
In order to evaluate the relative importance of biotic processes versus photochemical
degradation of methylmercury in a given ecosystem, mercury isotope studies seem to be very
promising. The detailed study performed recently by Kritee et al. (2009) provided evidence
that the evaluation of mass dependent and independent fractionations, MDF and MIF,
respectively, will allow to differentiate between microbial and abiotic mercury transformation
pathways (Kritee et al., 2009). For example, the extent of MDF evaluated by the ratio of
202/ 198, will be different if microbial or abiotic mercury transformation pathways are
occurring, being equal to 1.0004 and 1.0016, respectively (Kritee et al., 2009). In relation to
MIF, if microbial mercury transformations are occurring, MIF will not be observed (Kritee et
al., 2009). On contrary, if photochemical transformations exist, MIF will occur.
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3. CONCLUSIONS
The methylation/demethylation processes that occur in the aquatic environments establish
a methylmercury pool continually available for bioaccumulation. This is of great concern as
methylmercury is one of the most toxic mercury specie. Both processes - mercury
methylation and methylmercury demethylation - can involve abiotic or biological processes,
the last one involving the action of microorganisms. Generally, the biological processes are
more significant; however, sometimes the abiotic processes might have also an important
role. In fact, the relative importance of mercury abiotic methylation is controversial. Some
authors emphasize that the abiotic pathway appears to play a minor role in natural
environments whereas others suggest that the biotic processes can not account for all the
methylmercury formed naturally.
In relation to the biological processes, methylmercury demethylation appears to be a
process that is more widely spread across the microbial genera in comparison to mercury
methylation. Sulfate-reducing bacteria are considered to be the most important methylators
present in the aquatic ecosystems. Moreover, these bacteria are able to donor a methyl group
by the C-3 of serine (which is a compound formed during the carbon flow from pyruvate) or
by formate via the acetyl-CoA synthase pathway.
The photolytic decomposition of methylmercury remains the only abiotic demethylation
mechanism that is significant in surface waters exposed to sunlight. However, the overall
impact on the aquatic mercury cycle is still unclear and the end products of the
methylmercury degradation have not been clearly identified yet. In sediments, the abiotic
mechanism is also more conductive to the environmental methylmercury decomposition than
the biotic one.
Regarding the biotic methylmercury demethylation, two distinct vias - oxidative and
reductive - might be used by microorganisms. The former is mainly conducted by sulfate
reducers and methanogens. In this process, methylmercury is primarily converted to CO 2 and
inorganic mercury; however, sometimes methane is also formed. The reductive process might
occur through two pathways, one involving the mer operon and other does not. Nevertheless,
the process involving the mer operon is the most studied and it is considered the most
common pathway. In this process, two enzymes participate - the MerB (organomercurial
lyase) and the MerA (mercuric reductase) - and so methylmercury will be converted to
elemental mercury. In spite of this, the mentioned process represents a net loss of mercury
(Hg0) from the system, while the oxidative process might be only a source of substrate to
mercury methylation due to the formation of Hg(II). Thus, if oxidative demethylation is not
associated with a subsequent Hg(II) reduction, this has major implications in natural systems
where oxidative demethylation dominates. In fact, this mercury can be remethylated to
methylmercury if conditions are appropriate. Oxidative demethylation is presumed to result in
Hg(II) as an end product, so no net elimination of Hg(II) takes place in this process, in
contrast to the reductive demethylation.
The mer operon shows that the genetic patrimony of the microbial community is very
important and affects significantly the methylmercury presence in the aquatic environments.
In fact, there are bacteria that only transcribe MerA (narrow-spectrum resistance) and so they
are only able to reduce Hg(II) to Hg0, but there are others that have MerB and MerA (broadspectrum resistance) and the latter are able to decompose methylmercury to Hg 0. Both
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microbial mercury resistances might assume nowadays an important role, for example in the
remediation of mercury contaminated environments. Therefore, the identification of mercury
resistant strains is essential to the development of technological mercury bioremediation
strategies.
Moreover, mer operon is present in various taxonomic groups and microbiocenoses, and
mer genes are localized essentially in DNA mobile elements, promoting the horizontal
transfer. It has been demonstrated that the mer operon is associated with multidrug-resistance
and so the frequency study of this operon in the microorganisms present in the environment
will give valuable data to be used in the prediction of the drug resistance evolution.
In terms of the action way of the mer operon, more research work is needed in order to
better understand how the mercuric ion transporters work and the interaction between all mer
products, as well as the role of different mercury species in induction of mer operon and its
own regulation.
In this work, it was also stated that the mercury methylation and methylmercury
degradation via abiotic and biotic pathways are affected by several environmental factors that
influence inorganic mercury/methylmercury availability, as well as the activity of
methylators/demethylators. These relationships are often very complex. Furthermore, these
environmental factors might also change the microbial communities present, leading to shifts,
for example in the biotic processes involved in methylmercury demethylation. As discussed
in the present work, total mercury and the redox potential are factors likely to induce these
changes. So, for example, the reductive demethylation pathway seems to dominate in both
anoxic severely mercury contaminated and aerobic environments. Nevertheless, further works
are needed to be performed in order to get more knowledge on these aspects.
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